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Concurrent with the high applicability of carbon nanomaterials (CNM) in a 
variety of fields and the potential use for pollution remediation, there is the inevitable 
release of CNMs into the environment. As a consequence of their unique 
physicochemical properties, CNMs entering the environment will interact with both 
abiotic and biotic factors. With CNM concentrations estimated to range from parts per 
billion to low parts per million and their high adsorption affinity for organic 
contaminants, there is significant concern that CNMs will act as “contaminant 
transporters”. Even though adsorption and desorption of contaminants from CNMs play a 
significant role in the ultimate fate of adsorbed compounds, currently there is little 
conclusive information characterizing the relationship between adsorption behavior and 
bioavailability of CNM-adsorbed contaminants. The goal of the present research was to 
establish a comprehensive understanding of the key mechanisms influencing 
bioavailability of CNM-adsorbed organic contaminants. To accomplish this, I utilized a 
systematic approach to characterize the influence of CNM morphology, contaminant 
physicochemical properties, and contaminant mixtures on the resulting bioavailability of 
the adsorbed compounds, where polycyclic aromatic hydrocarbons (PAHs) were selected 
as a model class of organic contaminants.  
 Adsorption behavior of a suite of PAHs by suspended multi-walled carbon 
nanotubes (MWCNTs) and exfoliated graphene (GN) was characterized using batch 
adsorption isotherm techniques and fitting experimental data with established adsorption 
models. Bioavailability of CNM-adsorbed PAHs to Pimephales promelas (fathead 
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minnow) was quantified using bile analysis via fluorescence spectroscopy. Multiple 
linear regression techniques were used to assess the influence of CNM type, PAH 
physicochemical characteristics, and concentration effects on adsorption of PAHs by 
MWCNTs as well as to model the relationship between adsorption behavior and the 
resulting bioavailability of MWCNT-adsorbed PAHs.   
While CNM structure and surface area differed, adsorption affinity was more 
influenced by PAH physicochemical characteristics. In particular, differences in 
adsorption of PAHs between MWCNT and GN became insignificant as hydrophobic and 
π-π interactions with the particular PAHs increased. Similarly, bioavailability of CNM-
adsorbed PAHs was less influenced by the type of CNM and more influenced by the 
PAHs physicochemical properties, particularly the size and morphology of the PAH 
molecules.  
A further investigation with a greater range of PAHs, showed that molecular 
morphology of small less hydrophobic PAHs was particularly influential on 
bioavailability when adsorbed to MWCNTs. Though adsorption of chemically similar 
PAHs was nearly identical in single-solute solutions, the resulting bioavailability was not 
the same and was attributed to differences in the PAH’s π electron system as a function of 
structure and aromatic makeup. Additionally, modeling the relationship between 
adsorption affinity (i.e. Log Kd) and resulting bioavailability of MWCNT-adsorbed 
PAHs, showed a direct correlation when Log Kd was greater than 2.5, where only the 
aqueous concentration of PAH remained bioavailable. However, lower adsorption 
affinity resulted in a variable amount of the MWCNT-adsorbed PAH remaining 
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bioavailable in an unpredictable manner. The results of this work also indicated that there 
was a concentration effect influencing adsorption affinity and bioavailability. This was 
determined to largely be a function of molecular surface area coverage of MWCNT 
resulting in a change of the adsorption process from more heterogenous to more 
homogenous.  
Finally, adsorption of two pairs of chemically similar PAHs, (1) phenanthrene and 
anthracene and (2) fluoranthene and pyrene, in bi-solute mixtures confirmed that 
structural makeup of the molecule is signficantly influential on the adsorption-
bioavailability relationship. PAHs that have increased contact with the surface of 
MWCNT, such as anthracene being linear to align with the curved surface of the tube or 
fluoranthene being more flexible to bend with the curved surface of the tube, 
outcompeted their chemically similar isoforms. Competitive interactions between PAHs 
at the surface of MWCNT decreased adsorption affinity of both PAHs within the bi-
solute system thus increased bioavailability of the adsorbed PAHs. However, the effect of 
competition on PAH bioavailability appeared to be greater for less hydrophobic PAHs 
(i.e. phenanthrene and anthracene) compared with the more hydrophobic PAH pair (i.e. 
fluoranthene and pyrene). This was attributed to adsorption affinity of phenanthrene and 
anthracene dipping below Log Kd = 2.5 due to competitive interactions in a bi-solute 
system. Similar to the single solute studies, only when Log Kd > 2.5 was bioavailability 
of adsorbed PAHs largely associated with just the aqueous concentration of PAH left in 
the system.  
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Overall, the results of this work indicate that there is a correlation between 
bioavailability of CNM-adsorbed PAHs and observed adsorption behavior in aqueous 
systems, which is largely driven by the adsorbate’s physicochemical characteristics. 
Factors influencing CNM adsorption affinity of PAHs prior to organismal ingestion, such 
as concentration and competition, also influence bioavailability of the CNM-adsorbed 
PAHs in a similar manner. However, adsorption behavior of PAHs by CNMs in aqueous 
solution is not a perfect prediction of the resulting uptake of PAH into P. promelas bile, 
though my data does indicate an adsorption affinity threshold at which MWCNTs can 
significantly reduce bioavailability of the adsorbed PAHs. This work furthered our 
understanding in the factors that may predominantly influence the bioavailability of 
CNM-adsorbed organic contaminants and provided initial insight into the complex 
interactions that may occur after consumption on CNM-contaminant complexes that 
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1.0 General Background of Carbon Nanomaterials 
Although carbon nanomaterials (CNMs) have been produced naturally and unintentionally 
for decades, the discovery of fullerene in 1985 and multi-walled carbon nanotubes in 1991 led to 
extensive interest in the use of these materials in various commercial products (Andrews et al., 
2002; Klaine et al., 2008; Gogotosi and Presser, 2014). Carbon nanomaterials are composed of 
graphitic carbon that can occur in sp, sp2, and sp3 hybridization, allowing for a wide range of 
structures and properties (Gogotosi and Presser, 2014). Of the carboneous nanomaterials, CNTs 
and graphene have been considered the most promising in terms of commercial applications due 
to their remarkable thermal, mechanical, electronic and biological properties (Scida et al. 2011). 
Two-dimensional graphene is composed of six-membered sp2 hybridized carbon atom rings in a 
one-atom thick sheet (Apul and Karanfil, 2015; Zhao et al., 2014a). Carbon nanotubes are 
essentially graphene sheets rolled into cylinders that are produced as either individual graphene 
cylinders that can be capped or uncapped, known as single walled nanotubes (SWCNTs), or as 
concentric open-ended graphene cylinders, known as multi-walled carbon nanotube (MWCNTs) 
(Dai, 2002). Carbon nanotubes are currently the most popular and efficiently produced carbon 
nanomaterial. In 2015 the global CNT market was estimated at 2.26 billion USD, but is expected 
to grow to 5.64 billion USD by 2020 with electronics and semiconductors being the largest 
application (Ren et al., 2011). In recent years graphene, as well as multilayered graphene and 
oxidized graphene, has gained significant attention for its promising applications in electronic 
films, aerospace, composites, biosensors, filtration, etc., though the limitation on the growth of 
the graphene market is attributed to expensive equipment and inability to mass produce quality 
graphene (Mauter and Elimelech, 2008).   
2 
1.1 Adsorption of HOCs By CNMs 
The high specific surface area of CNTs and graphene as well as their hydrophobicity 
make them particularly good adsorbents of organic materials, including natural organic matter 
and a wide range of non-polar hydrophobic organic contaminants (HOCs). While this property 
suggests potential use in pollution remediation of organic contaminants it also brings concern as 
to the potential risk they may pose by altering the fate of adsorbed organics (Baun et al. 2008; 
Ren et al 2011; Klaine et al., 2008). As such, much research has been devoted to understanding 
the mechanisms driving adsorption of organic contaminants to CNMs. Studies have largely 
concluded that adsorption to CNMs is driven by π-π bonding, hydrophobic interactions, 
hydrogen-bonding and electrostatic interactions. Although, morphological differences in CNMs, 
such as structure, length, thickness, diameter, pore size distribution, surface functionalization, 
number of layers or walls, can all influence adsorption behavior (Apul and Karanfil, 2015; Zhao 
et al., 2014a). Likewise adsorbate physicochemical characteristics, such as hydrophobicity, size, 
polarizability, or even morphology, can also greatly influence adsorption (Apul and Karanfil, 
2015; Yang et al., 2006). Overall, though adsorption of HOCs by graphene and CNTs is largely 
driven by π-π bonding (Chen et al., 2007; Zhao et al., 2014a), differences in adsorption behavior 
by the two materials have been observed due to interactions with the adsorbate (Apul et al., 
2013; Wang et al., 2014). 
1.1.1 Influence of Adsorbent Properties 
Because most CNMs consisting of sp2 hybridized carbons with the graphene hexagonal 
lattice as the building block, structural and morphological differences largely account for 
differences in adsorption interaction with HOCs. For most carbon nanomaterials, adsorption 
capacity is positively correlated with surface area and pore volume, as increases in these 
parameters mean an increase in potential adsorption sites (Apul and Karanfil, 2015; Apul et al, 
2013; Zhao et al., 2014a). Theoretical surface area of a single sheet of graphene is estimated to 
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be 2630 m2/g, although due to aggregation and/ or wrinkling in aqueous solution the actual 
surface area of graphene is found to be closer to 400-600 m2/g (Wang et al., 2014; Apul et al., 
2013). The surface area of multilayered graphene, reported to range from 100 – 150 m2/g, is 
related to the degree of exfoliation and the number of layers; with limited exfoliation and a high 
number of layers the material will more closely resemble graphite with a surface area reported to 
range from 4 to 8 m2/g (Wang et al., 2009; Zhao et al, 2014b; Zhu and Pignatello, 2005). The 
surface area of CNTs depends on the length, diameter and number of walls of the tube. Most 
studies have largely found the average surface area of purchased and/or made SWCNTs and 
MWCNTs to fall within the size range of 373±176 m2/g and 216±159m2/g, respectively (Apul 
and Karanfil, 2015). The interlayer spacing (i.e. < 0.34nm) in multi-layered graphene, carbon 
nanotubes, and graphite is inaccessible to molecules even as small as N2, therefore adsorption 
largely occurs on the outer surface of dispersed CNMs (Pan and Xing, 2008; Laurent et al., 2010; 
Wang et al., 2009). While aggregation of CNMs in aqueous solution can reduce the surface area, 
CNT aggregates can create interstitial channels and grooves as additional adsorption sites (Pan 
and Xing, 2008; Zhang et al., 2009), while graphene aggregates can cause folding or formation 
of micropores as additional adsorption sites (Zhao et al., 2014b; Wang et al., 2014). Though 
some studies have denoted differences in micropore volume between CNTs and graphene, a 
majority of studies have concluded that these structural differences between 2D or quasi 2D 
graphene and 1D CNTs do not alter the mechanism of adsorption (Zhao et al., 2014b). 
Normalization of adsorption by CNMs specific surface area and micropore volume are largely 
effective in reducing the difference in observed adsorption capacity for the same compound, 
suggesting that the mechanisms driving adsorption of HOCs for graphene, graphite and CNTs 
are similar (Zhao et al., 2014b; Apul et al., 2013; Yang et al., 2006). 
Beyond surface area and pore size influences on adsorption, surface chemistry can 
dramatically alter the adsorption capacity of CNMs. Presence of amorphous carbon or impurities 
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due to material synthesis can hinder access of HOCs to adsorption sites (Apul and Karanfil, 
2015; Gotovac et al., 2007). Additionally, oxidation of CNMs during material preparation can 
decrease the hydrophobicity of adsorption sites, deform or alter micropores, and disrupt the 
graphitized structure of carbon, generally decreasing CNM adsorption capacity (Zhao et al., 
2014b; Apul and Karanfil, 2015; Stankovich et al., 2006). Because defect sites, such as 
amorphous carbon, edges or metal impurities, are more reactive to oxygen, CNMs of different 
structures may have different levels or sites of oxygenation which may alter adsorption behavior 
(Apul and Karanfil, 2015; Yang et al., 2006; Zhao et al., 2014a). Surface functionalization of 
CNMs alter the electron donating and accepting properties of CNMs, thus can impact the types 
of adsorbates adsorbed (i.e. polar vs nonpolar) and in part determines the strength of the π-π 
interactions (Dinadayalane and Leszczynski, 2010; Radovic and Bockrath, 2005). Regardless, 
the influence that surface functionalization has on CNM adsorption capacity has been found to 
be more dependent on the type of adsorbate than the type of the adsorbent (Pan and Xing, 2010).  
Curvature of a graphitic material has also been shown to impact adsorption of HOCs; the 
curved surface of CNTs creates a diversity of C-C bond lengths unlike the flat surface of 
graphene which has only single length of C-C bond. Different C-C bonds are suggested to alter 
adsorption strength, especially for planar molecules, like aromatic hydrocarbons, that have 
different favorable “stacking” positions based on the bond type (Tournus and Charlier, 2005; Li 
et al., 2013a). For single layered graphene, wrinkling of the surface can create additional high 
energy groove sites for adsorption (Wang et al., 2014). Further, differences in morphology along 
with the degree of edge sites and number of layers cause graphene and CNTs to have distinct 
electrical properties (Wang et al., 2009). The difference in electronic reactivity is partially due to 
the delocalization of π-conjugated orbitals across the graphene surface making the basal plane of 
graphene/graphite electrochemically inert while the localized orbitals at the defect and edge sites 
of graphene and CNTs create a higher degree of electronic activity (Tachikawa and Kawabata, 
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2009; Zhu and Pignataello, 2005). As the diameter of CNTs becomes greater that 1 nm, the C-C 
bond lengths become uniform and the strain of π-orbital misalignment is reduced, thus allowing 
for greater adsorbate binding energy that is more reminiscent of binding with graphene 
(Dinadayalane & Leszczynski, 2010). This decrease in CNT surface curvature is related to 
increased π-π interactions due to increased contact and better alignment of planar molecules with 
the surface of CNTs (Gotovac et al. 2007; Apul et al. 2012a). In general, π-π interactions and 
hydrophobic forces are attributed to driving the physical adsorption of HOCs to CNTs although 
they are not considered strong enough to allow for charge transfer between the compounds and 
the CNT surface (Tournus et al., 2005; Rajesh et al., 2009). In contrast, several studies suggest 
that while these interactions also significantly contribute to the adsorption of HOCs by graphene, 
other mechanisms such as electrostatic interactions are responsible for stabilizing adsorption 
(Wang et al., 2014; Bjork et al., 2010; Zhu and Pignataello, 2005). 
1.1.2 Influence of Adsorbate Properties 
Nonspecific attractions and hydrophobic forces are considered the main interactions 
promoting adsorption of HOCs by CNMs. The strength of these interactions is dependent on 
HOCs physicochemical characteristics, particularly the molecules size, polarity, and 
polarizability which likewise contribute to the compounds’ hydrophobicity (Apul and Karanfil, 
2015). In linear solvation energy relationship (LSER) models developed to predict adsorption of 
various HOCs to CNTs, the most dominant parameter was one representing the adsorbate 
hydrophobicity followed by the adsorbate’s ability to accept and donate hydrogen bonds (Apul et 
al., 2012b). In addition to these parameters, Xia et al. (2010) also found the compound’s 
polarizability to be a significant contributing factor. Generally, adsorption of HOCs by CNMs 
tends to increase with increasing compound hydrophobicity and that normalization of adsorption 
capacity by the molecule’s hydrophobicity (i.e. octanol-water partitioning coefficient or aqueous 
solubility) diminishes the observed adsorption differences between comparable compounds 
 6 
(Brooks et al., 2012; Yang et al., 2006; Zhu and Pignatello, 2005; Wang et al. 2014). However, 
differences in size or functional groups can also alter a compound’s adsorption affinity beyond 
the hydrophobic effects. Larger molecules have been observed to have a lower adsorption 
affinity for CNTs, graphene, and graphite than smaller, less hydrophobic compounds (Wang et 
al., 2014; Yang et al., 2006; Pan and Xing, 2008). This is largely attributed to the inability of 
larger molecules to access the available micropores and the increase of steric hindrance between 
molecules adsorbed on the CNM surface (Apul and Karanfil, 2015; Wang et al. 2014; Pan and 
Xing, 2008). Numerous studies have noted that adsorption of especially small HOCs, such as 
naphthalene, may be driven by a combination of mechanisms such as pore filling in addition to 
the surface adsorption observed for most adsorbates (Wang et al., 2014; Yang et al., 2006).  
Because most adsorption occurs on the surface of CNM through nonspecific interactions, 
adsorption energy increases with a decreased distance between the adsorbate and CNM surface 
as well as with increased contact (Pan and Xing, 2008). Along with molecular size, the 
adsorbate’s morphology can significantly impact the ability of a molecule to get close enough to 
the CNM’s surface for strong adsorption. Studies have suggested an adsorption advantage of 
planar molecules by both curved CNTs and graphene, due to increased surface contact and 
increased van der Waals interactions. Moreover, linear planar molecules have been observed to 
have a greater adsorption capacity due to better ability to align with the curved surface of CNTs; 
this advantage is less pronounced on wide diameter CNTs where the surface resembles the flat 
surface of graphene (Gotovac et al., 2007; Apul et al., 2012a). Although studies have also 
observed that non-planar compounds, such as biphenyl, are less impacted by adsorption 
competition than rigid planar compounds (Apul et al 2012a). Likewise, the adsorption of 
nonplanar 2-phenylphenol is less site selective than planar compounds, suggesting that the 
flexibility of nonplanar compounds allow them to better twist to access sites that may not be 
accessible to a rigid planar compound (Zhang et al., 2009).    
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Compounds of similar structure or in a similar compound class typically have a similar 
mechanism of adsorption. Zhu and Pignatello (2005) found that when a wide range of HOCs 
adsorption isotherms were normalized by the compound’s hydrophobicity, the compounds from 
the same class collapsed onto a single isotherm line, though remaining distinctly different from 
other compounds classes. Similarly, Wang et al. (2008) found that the similarly structured 
aromatics, phenanthrene and naphthalene, had comparable adsorption when adsorbed by a range 
of adsorbents, though 1-napthol, a compound of similar size but with a functional group, 
adsorbed quite differently. The presence of functional groups and the compound’s polarity 
greatly determine the strength of the electron-donor-acceptor (EDA) interaction with the CNM 
surface and the strength of π-π interactions (Keiluweit and Kleber, 2009). The graphitic surface 
of graphene and CNTs can either donate or accept electrons, thus interactions with substituted 
and unsubstituted compounds can be vastly different (Pan and Xing, 2008; Zhu and Pignatello, 
2005). Typically for aromatic compounds, such as polycyclic aromatic hydrocarbons (PAHs), π-
π bonds form between the graphitic surface carbons and the C=C double bonds of the carbon 
rings (Pan and Xing, 2008; Yang et al 2006; Apul and Karanfil, 2015; Zhao et al., 2014b). PAHs 
are considered to behave as electron donors towards graphitic surfaces, where donor strength 
increases with polarizability and likewise improves the chances of charge transfer/ electrostatic 
intermolecular interactions (Zhu and Pignatello, 2005; Martinex and Iverson, 2012). 
Additionally, it has been suggested that aromatics with a smaller HOMO-LUMO (highest 
occupied molecular orbital energy and lowest unoccupied molecular orbital) gap may have a 
greater affinity for CNMs (Pan and Xing, 2008).  As previously mentioned, the electronic 
properties of CNMs, including π orbitals (i.e. HOMO and LUMO energy levels) is partially 
dependent on CNM structure; the regions of delocalized π electrons will influence adsorption 
and may do so differentially for different CNMs (Oleszczuk et al., 2009; Bjork et al, 2010; Apul 
and Karanfil, 2015). Ultimately the occurrence of electrostatic interactions depends on the nature 
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of the charge on both the CNM and the adsorbates; CNMs with low functionalization and 
unsubstituted aromatic hydrocarbons are more likely to engage in nonspecific interactions and π-
π bonding (Zhao et al., 2014b; Pan and Xing, 2008).   
1.1.3 Adsorption Models  
Several linear and nonlinear models exist that are commonly used to describe the 
adsorption of HOCs by CNMs. Generally, the process is considered heterogenous due to the 
presence of a range of adsorption sites possessing different energy levels as a function of surface 
defects, edges, groove regions etc. (Kah et al., 2011). In high solute concentrations, it has also 
been proposed that heterogenous adsorption will occur with condensation and multilayer 
formation (Pan and Xing, 2008). Although existing adsorption models were originally used to 
describe gas adsorption onto adsorbents, they are also applicable to describe adsorption of HOCs 
by CNMs in aqueous systems. These models help to empirically explain the observed adsorption 
process and provide insight into the adsorption mechanisms of HOCs by CNMs. Six of the most 
commonly used models to describe adsorption of HOCs by CNMs, charcoal and geo-sorbents are 
Freundlich (FM), Langmuir (LM), Brunauer-Emmett-Teller (BET), dual-mode (DMM), dual-
Langmuir (DLM) and Polyani-Manes (PMM) (Kah et al., 2011). Although FM and LM can be 
linearly transformed, the other four models cannot. The Freundlich model, a special form of the 
PMM, assumes a distribution of adsorption sites with various surface energies, where molecules 
will first occupy the high-energy sites before the lower energy sites and there is the potential of 
multilayer formation. Data that fit this model would be linear when log transformed and 
adsorption would continually increase to some degree (Kah et al., 2011; Yang et al., 2006). On 
the other hand, the Langmuir model assumes a homogenous distribution of adsorption sites and 
shows a characteristic plateau representative of a maximum adsorption capacity reached after a 
monolayer has been formed (Kah et al., 2011). The BET model also assumes that after the 
formation of the first monolayer, multiple layers will then form due to condensation as 
 9 
concentrations approach the solubility limit. The dual-mode model assumes that both partitioning 
and adsorption are occurring, where the process of partitioning is linear and the adsorption 
process follows the same assumptions as the Langmuir model. Due to the lack of a flexible 
domain and the small spaces between layers of CNMs such as CNT and graphene, partitioning of 
compounds into the nanoparticle is not considered a likely process (Kah et al., 2011). Dual-
Langmuir model assumes the existence of only two different types of sites, high and low energy, 
where a maximum adsorption capacity exists for each (Kah et al., 2011; Yang et al., 2006). The 
Polyani-Manes theory assumes that adsorption is related to the distance the molecule is from the 
adsorbent’s surface (i.e. adsorption space) and the attractive forces between the adsorbate and 
adsorbent (i.e. adsorption potential) (Yang and Xing, 2010). Adsorption capacity is independent 
of temperature, but dependent on the potential space available and the molecule’s size, where the 
higher the adsorption potential the greater the adsorption affinity (Yang and Xing, 2010). For 
describing heterogenous adsorption of compounds to activated carbon and CNMs, the Freundlich 
model and Polyani-Manes have often been recognized as the models with the best fit (Yang and 
Xing, 2010; Pan and Xing, 2008; Oleszczuk et al., 2009). Additionally, Yang et al (2006) 
suggested that the PMM was applicable to describe adsorption to flat surfaces and pore filling. In 
contrast, Kah et al (2011), found that the DLM model had the best fit when assessing a wide 
concentration range of PAHs adsorbed to CNTs. The authors suggested that this fit may not 
necessarily be due to the existence of only two types of adsorption sites, but rather that the model 
represented different accessibilities to the available adsorption sites that were created during 
aggregation. Fitting adsorption models over wide equilibrium concentrations often results in the 
inability of the models to describe the whole adsorption process (Wang et al., 2014; Kah et al, 
2011). Overall, it is important to note that while such empirical models can provide insight into 
the potential mechanisms of adsorption, they are limited in the range of concentration they can 
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describe and are apt to misinterpretation when additional processes are occurring such as 
aggregation or competition. 
1.2 CNMs in the Environment 
Concurrent with the increase of production and use of products containing engineered 
nanomaterials is their increased entrance into the environment (Klaine et al., 2008; Mueller and 
Nowack, 2008). Because CNMs are made up of carbon and can resemble already naturally 
present carbon materials in the environment, it has been difficult to measure actual 
concentrations (von der Kammer et al., 2012; Peterson et al., 2011; Gottschalk, et al., 2013). 
However predictive models using information on the worldwide production volume and flow 
coefficient of CNMs, have provided estimates of CNMs expected in various environmental 
compartments (Figure 1.1) (Mueller and Nowack, 2008; Peterson and Henry, 2012). Depending 
on the environmental compartment and proximity to release points, environmentally relevant 
concentrations of CNMs are estimated to range from parts per billion to low parts per million 
range (Velzebor et al., 2013; Peterson et al., 2011; Gottschalk et al., 2013).  
As a consequence of their “nano” dimensions, nanomaterials possess physicochemical 
properties unique from their bulk counterparts. As such nanomaterials are reactive thus  interact 
with abiotic and biotic factors in the environment, in many cases causing potential concern for 
human and environmental health (Apul and Karanfil, 2015; Nowack et al., 2012). The fate and 
transport of CNMs in the natural environment are largely driven by aggregation and suspension 
behaviors, that are greatly influenced by environmental conditions such as ionic strength, pH, the 
presence of natural organic matter, and media porosity (Lin et al., 2010a; Chen et al., 2008; 
Hofmann and von der Kammer, 2009). Due to their hydrophobicity, pristine CNMs are prone to 
aggregation upon entering into an aqueous system, thus likely to settle out into sediment (Saleh 
et al., 2008; Schwyzer et al., 2011). However, upon entering any natural water source, CNMs 
will interact with natural organic matter (NOM) which will help disperse and stabilize CNMs in 
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the water column (Schwyzer et al., 2011; Hyung et al, 2007; Lu and Su, 2007). This can increase 
the mobility of CNMs, thus altering their fate and organismal exposure. Additionally, a majority 
of CNMs entering into the environment have likely already undergone some level of 
transformation either because of their specific application, aging or during the release process 
and are no longer considered pristine (Zhao et al., 2014a). Because of CNMs high adsorption 
affinity, they are also prone to readily adsorb a wide array of contaminants either during 
processing or upon entering the environment where contaminants are already present. As such, 
though some nanomaterials are inert themselves, they can become indirectly toxic through 
interactions with co-occurring contaminants (Velzebor et al., 2013; Baun et al, 2008; Zhao et al., 
2014a). 
 
Figure 1.1. Schematic outlining the sources of CNM release and expected pathways in 
which CNMs reach various environmental compartments (Peterson and Henry, 2012).  
 
 1.2.1 Influence of CNMs on Contaminant Fate and Transport  
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In the environment, the presence of natural organic matter (NOM) and/or other colloids 
has been generally found to reduce the bioavailability of hydrophobic contaminants due to 
sequestration; however, the potential of CNMs to facilitate the transport or alter the fate of 
adsorbed contaminants is distinctly different than that of NOM or natural colloids due to the 
adsorptive interactions with HOCs (Riding, et al., 2015; Zhang et al., 2011a). For example, 
CNTs can significantly reduce mobility of organic contaminants compared to reference material 
octadecyl (C18) in soil even at high flow rates due to the signficantly higher adsorption capacity 
of CNTs (Li et al., 2013a). The preference of a wide range of contaminants, including organic, 
inorganic and metals, to bind to CNMs over sediment, soil or organic matter is attributed to the 
physicochemical characteristics the adsorbent (Zhang et al., 2011a; Josko et al., 2013). Co-
transport of contaminants via CNMs in soil and sediment matrices is significantly influenced by 
the morphology of CNMs and aggregation behavior. Though CNTs and graphene have higher 
surface area on which to adsorb contaminants, CNMs that aggregate in looser bundles, such as 
spherical fullerenes, are more effectively transported through porous media (Fang et al., 2013; 
Jaisi and Elimelech, 2009; Zhang et al., 2009). Beyond CNM aggregation behavior, CNM 
mobility is largely dependent on the soil particle size and content makeup, where transport 
decreases with decreasing particle size due to effective filtration of the soil matrix (Fang et al., 
2013). Surface chemistry of the CNMs can also influence potential translocation of adsorbed 
contaminants (Wang et al. 2012; Hu et al. 2014). Oxidized or functionalized CNMs tend to be 
more hydrophilic causing them to be more easily transported and to release hydrophobic 
adsorbed compounds more easily due to a lower adsorption affinity (Zhao et al., 2014a; Zhang et 
al., 2011a; Sun et al., 2013a).  
In aqueous systems, dispersal, strength of adsorption and rate of desorption are 
considered the most influential properties driving contaminant transport (Hoffman and von der 
Kammer, 2009). Irreversible adsorption or particularly strong adsorption can hinder the release 
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of contaminants even if the CNMs are transported throughout the environment (Hofmann and 
von der Kammer, 2009; Li et al., 2013a). However, the adsorption and desorption of 
contaminants can be influenced by the aqueous solution chemistry such as ionic strength, pH, 
and presence of NOM (Chen et al., 2008; Hyung et al., 2007; Zhang et al., 2011b). It is important 
to note that the role that NOM plays in mediating or enhancing transport of CNM adsorbed 
contaminants is largely dependent on the type and concentration of NOM present. The enhanced 
suspension of CNMs by NOM or oxidation has been shown to increase the mobility, transport 
distance and release of adsorbed contaminants (Lin et al., 2010b; Zhao et al, 2014a). Further, Hu 
et al. (2014), found that the presence of NOM increased the release of more hydrophobic 
polycyclic aromatic hydrocarbons (PAHs), although it retarded the uptake of less hydrophobic 
PAHs. On the other hand, the presence of NOM can also 1) increase the competition of 
adsorption sites on the surface of CNMs, causing contaminants to remain in the environment 
thus accessible for biodegradation and bioaccumulation, or 2) inhibit desorption of adsorbed 
contaminants (Zhang et al., 2011b; Apul et al., 2013; Wang et al 2009; Sun et al., 2013a).  
Beyond the potential effects that CNMs can have on the transport of co-occurring 
contaminants, CNMs can drastically alter the ultimate fate and environmental residency of 
adsorbed contaminants. Organic contaminants released into the environment, in the absence of 
CNMs, often undergo some degree of aging or biodegradation mediated by microbial 
communities (Eijsackers et al., 2001; Towell et al., 2011). The presence of CNMs can cause a 
longer retention time of contaminants in the environment by reducing the biodegradation and 
mineralization efficiency of adsorbed contaminants (Towell et al., 2011; Riding et al., 2015). 
Although microbes and bacteria can still access some fraction of the adsorbed contaminant, the 
portion that is actually bioaccessible is reduced (Towell et al., 2011). Towell et al. (2011) 
observed the extent of mineralization differed depending on CNM type, where mineralization 
decreased as MWCNT>SWCNT>fullerene. This was attributed to CNM adsorption capacity and 
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aggregation behavior of the different types of CNMs. CNMs have also been shown to increase 
the ageing time of contaminants due to the inability of abiotic factors, such as light exposure, to 
access the adsorbed molecules (Cui et al., 2011; Zhou et al., 2013; Xia et al. 2013). This differs 
from the influence of natural colloids or NOM on absorbed contaminants, which are more 
susceptible to abiotic factors than CNMs and are prone to release the absorbed contaminant 
(Schwarzenbach et al., 2003; Turco et al., 2011).  
 1.2.2 Influence of CNMs on Contaminant Bioavailability and Toxicity 
 Ingestion of CNMs is considered the main route of exposure to aquatic organisms 
although interactions at the gills can also occur (Jackson et al., 2013; Hou et al., 2013).  
Investigations of CNT bioaccumulation in a wide range of organisms including Daphnia magna, 
various fish species, invertebrates and earthworms have largely concluded CNTs to have low 
bioaccumulative potential as they do not cross intestinal cells or absorb into tissues (Edgington et 
al., 2010; Peterson et al., 2009; Bisesi et al., 2015). For larger organisms such as fish, CNTs are 
compartmentalized in the gut and readily excreted, though the level of dispersion and 
aggregation of the materials can influence the rate of egestion (Peterson et al., 2009; Su et al., 
2013). Indirect CNT toxicity has been observed in D. magna at high concentration as a result of 
gut impaction or blockage at the gills (Peterson and Henry, 2012; Edgington et al., 2010). 
Further, the ingestion of CNTs has been shown to alter the mucous cell morphology causing 
edema in the submucosa of the gastrointestinal tissue of P. promelas (Bisesi, et al., 2015). 
Graphene and graphene oxide have been observed to have higher antibacterial properties than 
other CNMs, which has been attributed to the thinness of the material (Zhao et al., 2014a). If 
graphene remains in single sheets, it has the potential to puncture cell membranes, due to its 
sharp edges, thus causing cell death (Zhang et al 2012). However, this is considered a larger 
concern for graphene oxide (GO) as the oxidation on the surface of the material will hinder the 
aggregation of GO; due to van der Waals forces, graphene will quickly aggregate in aqueous 
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systems, becoming much thicker and less likely to cause membrane damage (Zhao et al., 2014a). 
Graphene toxicity was found to be insignificant in Caenorhabitis elegans and crustaceans, 
though current literature investigating graphene toxicity is still in its infancy (Zhao et al., 2014a).  
In general, toxicity of CNMs themselves largely depends on the concentration, degree of 
dispersion and the functionalization or coating that exist in the material (Hou et al., 2013).  
 Due to CNM’s high adsorption affinity for organic contaminants and influence on 
adsorbate fate, there is considerable concern for the materials to behave as “contaminant 
transporters” once released into the environment (Baun et al., 2008). Greater retention of 
contaminants in environmental compartments (e.g. soil) and/or reduced degradation of 
contaminants due to CNM adsorption has the potential to increase exposure to local organismal 
residents beyond the anticipated exposure in CNM-free environments (Li et al., 2013a; Towell et 
al., 2011). The enhanced influence on bioavailability, either negatively or positively, by CNMs 
over other black carbon sources is attributed to the unique adsorption behavior (Ferguson et al., 
2008; Xia et al. 2012). Contaminants within the same class (i.e., PCBs, PAHs, estrogenic 
compounds, etc.) have been observed to have similar bioaccumlative trends that are a function of 
the compound’s chemical and structural makeup (Xia et al., 2012). MWCNTs have been shown 
to enhance the bioaccumulation of compounds that are ionizable, such as pentachlorophenol and 
ibuprofen, due to the change in chemistry both at the gill and in the digestive tract (Sun et al., 
2013b; Chen et al., 2014). Although sediment and water concentrations of these ionizable 
compounds can be reduced by adsorption to CNMs, the change in pH and solution chemistry 
once at the gills or ingested can significantly alter the binding behavior thus leading to potential 
release and accumulation (Sun et al. 2014; Chen et al., 2014; Myers et al., 2016). However, for 
less hydrophobic ionizable compounds that have a lower adsorption affinity for CNTs, such as 
diphenhydramine (DPH), MWCNTs were found to not significantly alter DPH uptake due to 
exposure levels remaining the same (Myers et al., 2016). The bioavailability of neutral organic 
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contaminants adsorbed to CNMs, like PAHs, is not much affected by change in solution pH 
(Wang et al., 2011; Linard et al., 2015). Additionally, Zindler et al. (2016) recently observed that 
regardless of surface functionalization or diameter, the bioavailability and toxicity of CNT-
adsorbed phenanthrene to D. magna did not differ. This suggests that for neutral compounds 
CNT physicochemical properties have little influence on the adsorbed compound’s 
bioavailability (Zindler et al., 2016). From the literature, the largest driver in dictating the 
influence CNMs will have on neutral aromatic compounds bioavailability is adsorption affinity, 
which would explain the contrasting results related to bioavailability of CNM-adsorbed PAHs. 
Largely, the bioavailability of phenanthrene, a small three-ringed PAH, has been observed to be 
enhanced when adsorbed to fullerenes, SWCNTs and MWCNTs in fish and D. magna (Baun et 
al., 2008; Su et al.; 2013; Zindler et al., 2016; Wang et al., 2011). Though for PAHs with higher 
adsorption affinity, such as pyrene and fluoranthene, bioavailability was significantly reduced 
when adsorbed to CNTs (Peterson et al., 2009; Linard et al., 2015). In accordance, it was found 
that bioaccumulation of organochlorine compounds in medaka was significantly reduced for the 
highly hydrophobic compounds (i.e. Log Kow > 6), but was slightly enhanced for the less 
hydrophobic compounds (Log Kow < 6) (Hu et al., 2010). It has also been observed that 
bioavailability of several polychlorinated biphenyls (PCBs) and polybrominated diphenyl ethers 
(PBDEs) to benthic invertebrates was reduced with the amendment of CNTs in the sediment 
(Ferguson et al., 2008; Parks et al. 2013). Adsorption studies have shown that the presence of the 
aromatic rings within these types of compounds enhances their interaction with CNMs; 
therefore, the influence on bioavailability of these compounds is likely driven by the strength of 
interaction with the CNM in question. Similarly, Xia et al. (2012) concluded that the degree of 
hydrophobic interactions between CNTs and the contaminant would largely drive the degree to 
which bioavailability would be reduced. Although perfluororchemicals (PFCs) are aliphatic with 
hydrophilic and hydrophobic groups, the high adsorption affinity of MWCNTs for these 
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compounds, due to hydrophobic interactions, significantly reduced the bioaccumulation of PFOS 
in Chironomus plumosus larvae (Xia et al., 2012). As chain length of PFCs partially drives their 
hydrophobic interactions with CNMs, future studies should investigate the bioavailability of 
CNM-adsorbed aliphatic contaminants and the relationship to chain length (Li et al., 2013b). 
The level of dispersion or aggregation, which is partially driven by CNM morphology, is 
also suggested to have a significant impact on bioavailability of CNM-adsorbed contaminants. 
Peterson et al. (2009) observed that while there was not a significant difference in the degree that 
SWCNTs and MWCNTs reduced the bioaccumulation of pyrene in earthworms, MWCNTs did 
increase the rate of pyrene depuration to a greater extent than SWCNTs. Due to the smaller 
diameter of SWCNTs than MWCNT, SWCNT aggregate bundles are typically more compact 
(Zhang et al., 2009). Similarly, in an aquatic exposure of SWCNT-adsorbed PAH, phenanthrene, 
fish exposed to the more stable suspension had a lower level of phenanthrene measured in the 
intestinal tissue (Su et al., 2013). Although the stable suspension had a higher adsorption 
capacity for the compound, it was egested much more quickly, indicating that increased 
aggregation of CNTs in the gut tract led to a higher retention time allowing for greater desorption 
of the compound (Su et al., 2013). The desorption of phenanthrene CNTs in simulated human 
gastrointestinal fluids significantly increased with increasing CNT diameter. This was attributed 
to higher accessibility to the phenanthrene molecules by bile salts and other solubilizing 
digestive components due to a lack of micropores on the low curvature surface (Wang et al., 
2011). This indicates that bioavailability of CNM adsorbed contaminants is partially driven by 
CNM morphology and suggests enhanced bioavailability of compounds adsorbed to flatter/low 
curvature surfaces, like graphene. 
The presence of NOM has been found to have various influences on the bioavailability 
and toxicity of CNM-adsorbed contaminants depending on the environmental compartment and 
the type of contaminant adsorbed. In general, the ability of NOM to disperse CNMs has been 
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considered to increase the rate and ability of organisms to effectively egest ingested CNMs 
(Edgington et al., 2008; Peterson et al., 2009). However, due to MWCNT’s adsorption of NOM, 
the speciation of copper was altered, leaving a greater concentration of free copper in the water 
thus increasing D. magna copper toxicity (Kim et al., 2010). Similarly, NOM has been found to 
inhibit the effectiveness of CNMs to reduce the bioavailability of adsorbed organic 
contaminants. Due to competition for adsorption sites by NOM, Shen et al. (2013) observed an 
increase in the bioaccumulation factor of PAHs in benthic invertebrates compared with 
MWCNT-amended sediment without NOM. In contrast, the presence of fulvic acid ameliorated 
the enhanced toxicity of PFOS adsorbed to graphene oxide in fish. Fulvic acid promoted the 
aggregation of graphene oxide (GO) in the intestine and accelerated the excretion of GO-PFOS 
complexes thus neutralizing the enhanced bioaccumulation effect of PFOS from GO (Qiang et al. 
2016). There have also been observed cases where the presence of NOM has little effect on the 
bioavailability of CNM-adsorbed contaminants (Myers et al., 2016; Linard et al., 2015; Yan et 
al., 2017). This can be due to a number of factors such as different binding affinities of different 
types of NOM for CNMs or low preference of the adsorbed compound to interact with present 
NOM (Linard et al., 2015; Wang et al., 2008).  
Further, the habitat, feeding habits and gut physiology of an organism drive the level of 
exposure and bioavailability potential of adsorbed contaminants (Shen et al., 2013; Peterson et 
al., 2009; Ferguson et al., 2008). Ferguson et al. (2008) found that PAH bioaccumulation in 
polychaetes was significantly reduced compared to the PAH tissue concentration in copepods 
exposed to the same SWCNT amended sediment. This was partially attributed to the feeding 
habits of the organisms; because the polychaetes were selective in the particle size that they 
would ingest compared to the copepods, the reduced PAH concentration was likely due to the 
polychaetes rejection of CNT-associated particles (Ferguson et al., 2008; Rust et al., 2004). 
Depending on the feeding state and digestive system of the organism, adsorbed contaminants can 
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desorb from CNMs and be subsequently absorbed in the gastrointestinal tract (Arnot and Gobas, 
2006; Wang et al., 2011; Su et al., 2013). In the case of the antibiotic roxithromycin (ROX), the 
increased bioaccumulation observed in juvenile carp due to MWCNT presence was attributed to 
the binding competition of digestive biomolecules at MWCNT surface thus promoting ROX 
release (Yan et al. 2017). Most studies have concluded that for CNM-contaminant ingested 
complexes, solubilization and desorption of the contaminants is dependent on the presence and 
concentration of bile salts (Sun et al., 2013; Yan et al., 2017; Wang et al., 2011; Maldonado-
Valderrama et al., 2011). Moreover, though the digestive tract is considered one of the most 
significant routes of exposure to CNM-adsorbed contaminants, this is highly dependent on the 
digestive time and residency of CNMs in the organism, which can vary from species to species.   
1.3 Polycyclic Aromatic Hydrocarbons: A Model Class of Contaminants 
Polycyclic aromatic hydrocarbons (PAHs) are one of the most ubiquitous organic 
pollutants present in the environment. They are a natural form of creosote and are also formed by 
the incomplete combustion of organic materials, their presence in the environment is due to 
natural and anthropogenic sources (Manoli and Samara, 1999). The largest source of PAH 
emissions are fossil fuels, wildfires, consumer products and oil production (Zhang and Tao, 
2009). As semivolatile compounds, a majority are first released into the atmosphere; after 
atmospheric chemical and physical interactions take place they are deposited in soil and water 
(Maliszewska-Kordybach,1999). Although PAHs can be degraded abiotically and biotically, 
concentrations remain consistent and high in the environment due to continual input (Simpson et 
al., 1995, Haritash and Kaushik, 2009). Concentrations in the aquatic environment can range 
from ng/L to as high as mg/L, depending on the compound’s water solubility limit and/or the 
distance from point sources, such as concentrated run off locations (D’Adamo et al 1997; 
Baumard et al, 1998, Simpson et al., 1995). 
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Structurally PAHs are planar molecules comprised of two or more fused benzene rings, 
though can also contain non-aromatic structures like pentacyclic rings or alkyl side chains (Baird 
and Luch, 2010). Due to the delocalized π electrons on the aromatic rings, the compounds are 
particularly stable, hydrophobic, and will readily associate with other carbon containing 
materials in the environment including soil, sediment and colloids (Maliszewska-
Kordybach,1999; Ma et al., 2010). PAHs are also known to have a high adsorption affinity for 
CNMs, which is largely governed by hydrophobic effects and π-π interactions with the 
nanomaterial’s carbon rings (Yang et al, 2006). Because environmentally released CNMs would 
likely interact with previously present PAHs, the adsorption relationship between PAHs and 
CNMs has been well studied. As such, this PAH-CNM adsorption relationship provides a good 
base from which to investigate how more complex, environmentally relevant conditions may be 
influential on contaminant-CNM relationships in general. 
 1.3.1 Exposure and Metabolism  
Organismal exposure to PAHs in the aquatic environment can either be through 
absorbance across the gills or skin, if freely dissolved in the water column, or through ingestion 
of PAH-contaminated sediment or organic matter (Baumard et al., 1998; Beyer et al, 2010). 
Similarly, organismal exposure to CNM-adsorbed PAHs largely occurs through ingestion, where 
PAHs then have the potential to be absorbed across the intestinal tract (Beyer et al., 2010). While 
acute toxicity can lead to oxidative stress, chronic exposure normally leads to other effects such 
as lowered immune system, developmental and reproductive alteration, and in some cases 
mortality (Jen et al., 2011; Lotufom, 1997; de Maagd and Vethaak, 1998). Due to some PAHs or 
their metabolites being mutagenic and carcinogenic, it is not surprising that a number of them are 
listed on EPA’s priority pollutant list. However, most vertebrates, including fish, efficiently 
metabolize PAHs in the liver via cytochrome P-450 enzymes (Kannan and Perrotta, 2008). The 
hydrophilic metabolites are then readily excreted from the body either through the bile or urine 
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(Beyer et al., 2010). For some small PAHs that are less hydrophobic, the parent compound can 
be directly excreted without undergoing any biotransformation (Tukikene, 1995). The 
bioaccumulative potential of PAHs with < 5 rings is considered relatively low in vertebrates due 
to efficient metabolism, thus biomagnification of PAHs in higher trophic level is not largely 
observed (Bleeker and Verbuggen, 2009). As such, analysis of tissue concentrations for PAHs 
are not considered to be well correlated with exposure (Beyer et al., 2010). Instead, the highly 
fluorescent nature of most PAHs allows PAH exposure to be quantified quickly and easily 
through fluorescence analysis of urine or bile (Beyer et al., 2010; Aas et al., 2000). Relative 
fluorescence intensity is directly proportional to PAH concentrations in the bile and water, and 
has become a standard procedure to assess uptake and bioavailability of PAHs (van der Oost et 
al., 2003; Aas et al., 2000; Güngördü, 2011). The ease of quantifying PAH exposure and 
concentration, makes PAHs an ideal class of contaminants to use in this study, to assess the 
influence of CNM adsorption on bioavailability.  
1.4 Motivation and Project Goals 
Current published data pertaining to the bioavailability of contaminants adsorbed to 
CNMs are sparse and sporadic. Studies have used different organisms, different types of CNMs, 
different organic contaminants, different background solutions and a variety of environmental 
conditions. Consequently, the comparison of results is difficult and general conclusions cannot 
be made at this point. Although adsorption behavior is very influential on the associated 
bioavailability of CNM-adsorbed PAHs (Wang et al., 2011), there is still a gap in understanding 
how contaminant-CNM interactions influence bioavailability of the adsorbed contaminant. 
Establishment of a fundamental understanding of the driving mechanisms behind bioavailability 
of CNM-adsorbed contaminants will significantly improve our ability to predict both 
environmental fate and biological impacts of CNMs. 
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The overall research goal of this work was to establish a comprehensive understanding of 
the key mechanisms influencing bioavailability of CNM-adsorbed organic contaminants. To 
accomplish this, I utilized a systematic approach to characterize the influence of CNM 
morphology, contaminant physicochemical properties, and contaminant mixtures on the resulting 
bioavailability of the adsorbed compounds, where PAHs were selected as a model class of 
organic contaminants. Focusing on the following specific objectives made this possible. 
1) Examine the influence of CNM type on the bioavailability of adsorbed PAHs. This was 
achieved by developing adsorption isotherms for naphthalene (NAP), phenanthrene 
(PHEN), anthracene (ANT) and fluoranthene (FLU) by MWCNTs and exfoliated 
graphene, followed by quantifying the resulting bioavailability of each PAH to Pimphales 
promelas via bile analysis. Bioavailability was described in the form of a bioavailability 
index that allowed for direct comparison between the fraction of CNM-adsorbed PAH 
that was taken up into the bile as a function of adsorption. 
2) Determine the relationship between adsorption behavior and resulting bioavailability of 
CNT-adsorbed PAHs. Adsorption behavior and the resulting bioavailable fraction of 
seven different adsorbed PAHs was quantified via adsorption isotherms and bile analysis. 
Multiple linear regression was used to assess the difference in adsorption affinity and the 
bioavailable fraction of seven different PAHs when adsorbed to MWCNTs as a function 
of the compound’s physical, chemical and structural characteristics. 
a. Develop a predictive model to describe the bioavailability of CNT-adsorbed 
PAHs.  Generalized linear regression techniques were used to select and estimate 
the most influential factors controlling the bioavailability of CNT-adsorbed 
PAHs, where bioavailability was represented by the distribution coefficient of 
PAHs between MWCNT and bile. 
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Investigate how bioavailability of CNT-adsorbed PAHs is influenced when PAHs are present in 
mixtures. Single and bi-solute adsorption isotherms and bioavailability assays were conducted 
for two distinct PAH pairs,  (1)  PHEN and ANT and (2) FLU and PYR (pyrene),  where the 
PAHs within each pair were chemically similar yet structurally different.   Comparison of the 
change in adsorption and bioavailability of individual PAHs when present in the mixture 
provided insight into how competition at the MWCNT surface can alter both adsorption and 
resulting bioavailability.  
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BIOAVAILABILITY OF CARBON NANOMATERIAL-ADSORBED POLYCYCLIC 
AROMATIC HYDROCARBONS TO PIMPHALES PROMELAS: INFLUENCE OF 
ADSORABTE MOLECULAR SIZE AND CONFIGURATION 
 
2.1 Introduction 
Among the numerous applications for carbon nanomaterials (CNMs), CNMs’ high 
adsorption affinity for organic contaminants (OCs) has led to increasing interest in such 
materials for pollution remediation (Apul and Karanfil, 2015; Ren et al., 2011). However, due to 
CNMs’ unique physicochemical characteristics, they interact with OCs in a distinctly different 
way than natural colloids. Considerable uncertainty exists pertaining to CNMs’ potential to 
facilitate transport of adsorbed contaminants and likewise alter bioavailability of adsorbed 
contaminants in the environment (Zhang et al., 2011; Hofmann and von der Kammer, 2009; 
Baun et al., 2008; Klaine et al., 2008). Adsorption capacity and rate of desorption from CNMs 
are considered the most influential properties driving contaminant transport and likely influence 
bioavailability of CNM-adsorbed molecules (Hofmann and von der Kammer, 2009; Wang et al., 
2011). 
Several studies have found that CNM type and OC properties significantly impact 
bioavailability of CNM-adsorbed contaminants, though findings are not conclusive (Wang et al., 
2011; Towell et al., 2011; Xia et al., 2012).  Xia et al. (2012) found the bioaccumulation of 
aliphatic perfluorochemicals (PFCs) in C. plumosus was mainly driven by PFC structure rather 
than type of CNM. Similarly, the bioavailability and toxicity of phenanthrene adsorbed to five 
different types of carbon nanotubes (CNTs) in D. magna was not significantly different despite 
differences in CNTs’ surface area, functionalization and diameter (Zindler et al., 2016). 
Conversely, studies have observed phenanthrene to become more bioaccessible as CNMs surface 
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curvature decreases and with increased dispersion (Wang et al., 2011; Xia et al., 2012; Su et al., 
2013; Apul et al, 2012a). The bioaccumulation of several classes of aromatic OCs, including 
polycyclic aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), and 
polybrominated diphenyl ethers (PBDEs) in benthic invertebrates was more effectively 
moderated when sediment was amended with CNTs than black soot; this was attributed to higher 
adsorption affinity for OCs by CNTs (Ferguson et al., 2008). Although without inclusion of 
adsorption data it was not possible to discern how carbonaceous material type contributed to 
differences in OC bioaccumulation. While the bioavailable fraction of CNM-adsorbed 
contaminants is often assumed to be directly related to the un-adsorbed OC concentration in the 
system, bioaccumulation enhancement of diuron and ionizable pentachlorophenol indicates this 
may not necessarily be the case (Schwab et al 2012; Sun et al 2013a). By examining how OC-
CNM interactions and adsorption behavior is linked with resulting bioavailability of the adsorbed 
contaminant, a more holistic understanding of how CNMs may act as a “contaminant carrier” 
can be established.  
Although CNTs are essentially graphene sheets rolled into tubes and graphene has 
become increasingly popular, few studies exist investigating the influence of graphene on 
bioavailability of adsorbed contaminants. Adsorption of OCs by graphene and CNTs is largely 
driven by hydrophobic forces and π-π bonding (Chen et al., 2007; Zhao et al., 2014), but due to 
different interactions with adsorbates, graphene and CNTs can have different adsorption 
mechanisms (Apul et al., 2013; Wang et al., 2014). To the best of our knowledge, no study exists 
examining how such differences in adsorption interactions of graphene and CNTs may 
differentially affect bioavailability of adsorbed contaminants. Therefore, the main objectives of 
this study were to (i) compare adsorption of four OCs by exfoliated graphene (GN) and multi-
walled carbon nanotubes (MWCNTs), (ii) investigate the role of OC physicochemical 
characteristics on adsorption interaction differences between the two materials, and (iii) compare 
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the impact of GN and MWCNT on OC bioavailability to Pimphales promelas as a function of 
adsorption behavior, in environmentally relevant conditions. PAHs were selected as a model 
class of OCs for this study because they are ubiquitous in the environment, on the EPAs priority 
pollutant list, and have a wide range of physicochemical properties.  
2.2 Materials and Methods 
2.2.1 Chemicals and Particles 
Four polycyclic aromatic hydrocarbons (PAHs) were used in this study: naphthalene 
(NAP), 99+% purity, from Alfa Aesar; phenanthrene (PHEN), 97% purity, and anthracene 
(ANT), 99% purity from ACROS Organics; and fluoranthene (FLU), 98% purity, from ULTRA 
Scientific. Physicochemical properties of PAHs are presented in Appendix A (Table A1). Stock 
solutions were prepared in HPLC grade methanol. Multi-walled carbon nanotubes (MWCNTs) 
were purchased from Nanostructured & Amorphous Materials (Houston, TX) and mechanically 
exfoliated graphene (GN) was prepared at Clemson University. Suwannee River natural organic 
matter (NOM) collected from near the Suwannee River Visitor’s Center (Fargo, GA) had a 
dissolved organic carbon concentration of 64 mg C/L, determined using a Shimadzu total organic 
carbon analyzer and had a specific ultraviolet absorbance (SUVA254) value of 4.08 L mg
-1m-1. 
All solutions were prepared in moderately hard water following the U.S. Environmental 
Protection Agency standard recipe; 96 mg/L NaHCO3, 60 mg/L CaSO4, 60 mg/L MgSO4, 4 
mg/L KCl in 18 mega-ohm Millipore Milli-Q water.   
2.2.2 CNM Characterization  
Manufacturer, Nanostructured & Amorphous Materials (Houston, TX), supplied the outer 
diameter (25nm), length (5-30 µm) and purity (> 95%) of the purchased multi-walled carbon 
nanotubes (MWCNTs). Mechanically exfoliated graphene was prepared at Clemson University. 
Morphological characteristics, i.e. diameter, length, and thickness, were verified or determined 
via transmission electron microscopy (Hitachi HD-9500 or H-7600) in conjunction with image 
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analysis software (Image Pro) and are summarized in Appendix B (Table B1; Figure B1).  
Structural and electronic properties of MWCNT and GN were also assessed using Raman 
spectroscopy (Figure B2). Nitrogen adsorption of the CNMs was performed with a 
physiosorption analyzer (Micromeritics) at 77K after CNM adsorption of dissolved organic 
carbon, as all experiments conducted in this work were done in the presence of 2 mg C/L natural 
organic matter. Surface area, pore volume and pore size distribution of the CNMs were 
calculated from the nitrogen adsorption isotherms with the use of the Brunaur-Emmett-Teller 
(BET) equation, the Barrett-Joyner-Halendea (BJH) equation, and the density functional theory 
model (DFT), respectively (Zhang et al. 2009).  
2.2.3 Suspension of CNM  
Pristine MWCNTs and GN were suspended in 2 mg C/L NOM at a concentration of 10 
mg/L following previously published methods (Linard et al., 2015). CNMs were sonicated for 1 
hour at 60 watts using a 0.5 microtip affixed Branson model 450 digital sonifier. Mass based 
calibration curves of MWCNTs and GN in solution are supplied in Appendix B (Figure B3); 
concentration was measured via visible light absorbance at 800 and 660 nm for MWCNT and 
GN solutions respectively, using a Molecular Devices Spectramax 190 microplate 
spectrophotometer (Hyung and Kim, 2008; Lotya et al. 2008). CNM solutions were diluted to 
~1.5 mg/L in 2 mg C/L NOM background solution for all adsorption and bioavailability assays. 
Absorbance measurements of CNM solutions at beginning and end of each experiment showed 
little change in concentration, indicating a stable solution. 
2.2.4 Adsorption Isotherms  
Adsorption experiments were run in triplicate following the batch approach previously 
published (Linard et al., 2015). Briefly, 10 mL glass centrifuge tubes containing either 1.5 mg/L 
MWCNT or GN suspension were spiked with each PAH individually, sealed with aluminum-
foil-lined Teflon screw caps and allowed to come to equilibrium on a rotary tumbler at room 
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temperature (25ºC± 1°C) for 96 hours (preliminary tests showed that equilibrium was reached 
within 48 hours). PAH stock solutions used to spike experimental vials were prepared so that the 
volume percentage of methanol was 0.1% to avoid co-solvent effects. Initial PAH concentrations 
of NAP, PHEN, ANT and FLU ranged from 5-1000, 5-400, 0.25-40, and 1-200 µg/L, 
respectively.  Vials without CNMs were identically prepared to serve as positive controls; 
controls for the entire system were spiked with methanol only. A combination of centrifugation 
and fluorescence quenching techniques were used to quantify the un-adsorbed PAH 
concentration in the system. After equilibrium was reached vials with and without CNM were 
centrifuged (Eppendorf 5804 R) at ~1500 x g for 1 hour to sediment any CNM agglomerates that 
may have formed during tumbling. The remaining supernatant was analyzed in black polystyrene 
96-well plates with Molecular Devices Gemini fluorescence microplate reader at 
excitation/emission wavelengths 276/330, 252/399, 250/363, and 280/440 for NAP, ANT, PHEN 
and FLU respectively. PAHs act as π-donors when interacting with graphitic materials and when 
adsorbed no longer are in an excited state. Therefore, fluorescence of CNM-adsorbed PAHs is 
statically quenched and the remaining unbound PAH concentration in the aqueous solution could 
be determined via fluorescence intensity (Singh et al. 2011; Debnath et al. 2010; Kukkonen and 
Pellinen, 1994). Analysis of a methanol rinse of positive control vials showed minimal loss of 
PAHs due to sorption to vial walls. CNM sorption of all PAHs was calculated as differences in 
aqueous PAH concentration between positive controls and CNM samples using fluorescent 
standard curves developed for each PAH in the background solution containing 2 mg C/L NOM. 
Temperature, pH, and ionic strength were controlled across each experiment and reflected 
minimal change.  
Experimental data was log-transformed and fit with the Freundlich model where qe 
represents the solid-phase concentration of the PAH adsorbed to CNM (mg PAH /g CNM) and 
Ce is the equilibrium aqueous phase concentration of the PAH (mg/L).  
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Freundlich model (FM): 
                                                                 (2.1) 
where Kf  ((mg PAH/ g CNM)/(mg PAH/L)), the Freundlich  constant, reflects adsorption 
capacity of the CNM for the specific PAH and the dimensionless Freundlich exponent n is an 
indicator of surface heterogeneity and adsorption intensity. The goodness of model fit was 
analyzed by the correlation coefficients (R2) and residual root mean square error (RMSE). 
2.2.5 Organismal Care  
Pimphales promelas (fathead minnows), the standard test organism recommended for 
toxicity testing by the EPA, were cultured at the Clemson University Institute of Environmental 
Toxicology (CU-ENTOX) in a recirculating system with a water turnover rate of 3-4 times a day 
(hardness = 100-120 mg/L as CaCO3; alkalinity = 40-60 mg/L as CaCO3; pH = 7.5-8.0). 
Temperature was maintained at 25°C ± 1°C with a 16/8 h light/dark photoperiod and fish were 
fed a Tetramin mix to satiation daily during culturing and acclimatizing periods. Mature fish that 
were greater than or equal to 1 g wet weight were transferred to Clemson Cherry Farm Fish 
Facility for acclimatization and experiments. Water at the Cherry Farm Fish Facility was 
supplied by Lake Hartwell (SC) via a flow-through system where water was sand filtered and 
UV sterilized.  
To minimize the effect of feeding on bile release during exposures, test organisms were 
starved for the 24 h leading up to exposures and starved throughout the duration of exposures 
(Vuorinen et al., 2006; Linard et al. 2015). As exposures were static and non-aerated, P. 
promelas were stocked below 1 g biomass/L in solution and full water changes were made every 
4 hours. Water quality and fish behavior was monitored throughout the duration of the 
experiment. Mortality was rare (<5%) and random across all treatments and controls, indicating 
that concentrations of neither CNMs nor PAHs used during this study were at a level to cause an 
adverse effect on organisms. All exposures were prepared using a background solution 
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consisting of moderately hard water containing 2 mg C/L NOM (hardness = 100 mg/L as 
CaCO3; alkalinity = 60 mg/L as CaCO3; pH = 8.0). 
2.2.6 Bioavailability Assays  
All exposures were conducted for 16 h in static, non-aerated conditions with full water 
renewals every 4 h. Assays for the influence of MWCNT and GN on PAH bioavailability to P. 
promelas were replicated four times where each aquarium was stocked with ~4 fish per 
treatment. Response of fish from each aquarium were pooled to represent a single measurement 
unit per treatment per replicate. The prepared treatments for each PAH were 1) control, 
consisting of background solution only; 2) PAH only, a positive control consisting of PAH-
spiked background solution (i.e. 10 µg/L of NAP, PHEN and FLU; 5 µg/L of ANT); and 3) PAH 
and CNM, consisting of the same PAH-spiked background solution with either ~1.5 mg/L of 
suspended MWCNT or GN. Solutions for each treatment were tumbled in 4L amber glass 
containers on a rotary tumbler to reach equilibrium prior to fish exposure. Water samples from 
each exposure were collected at the beginning and end of each water renewal; analysis of water 
samples verified the treatment PAH concentrations throughout duration of the exposure. At the 
end of each exposure, fish were euthanized, the gallbladder harvested, and the collected bile 
analyzed for PAH metabolites to determine the bioavailable fraction of PAH in the system.   
Bioavailability is defined as the total amount of PAH that is taken up by the organism 
from the system and biotransformed (Arnot and Gobas, 2006; Torreiro-Melo et al 2014); 
including aqueous and CNM-adsorbed PAH exposure. PAHs taken up by fish are quickly 
biotransformed into water-soluble metabolites in the liver and concentrated in the gallbladder for 
later excretion (Beyer et al. 2010). Dose-response relationships, shown in Appendix C, had a 
linear correlation between PAH exposure and bile fluorescence intensity (Figure C1); therefore, 
change in bile fluorescence was directly related to change in PAH bioavailability. Extracted bile 
was diluted, vortexed, and centrifuged. The supernatant was analyzed via fixed wavelength 
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fluorescence (FF) analysis at discreet excitation and emission wavelength pairs for each PAH 
(Beyer et al., 2010; Aas et al 2000). PHEN, ANT, and FLU metabolites were detected using a 
Molecular Devices Gemini fluorescence microplate reader at excitation/emission wavelengths of 
250/363, 252/399, and 280/440 nm, respectively; NAP metabolites were detected via HPLC with 
a UV-fluorescence detector 276/330 nm.  
2.2.7 Bile Analysis  
After an exposure and fish were euthanized, harvested P. promelas gallbladders were 
stored in amber microcentrifuge tubes in a -80ºC freezer until processed. Bile was drained from 
defrosted gallbladders, diluted to 1:15 with 150 μl of Millipore Milli-Q water, vortexed and then 
centrifuged for 2 mins at 14000 rpm. An aliquot of each bile sample was further diluted with 
50:50 MeOH: H2O solution to an overall dilution of 1:50 for fish exposed to ANT and FLU and 
to an overall dilution of 1:200 for fish exposed to PHEN. Fluorescence of ANT, FLU and PHEN 
metabolites were analyzed in a black 96-well plate using a Molecular Devices Gemini 
fluorescence microplate reader at excitation/emission wavelengths of 252/399, 280/440, and 
250/363, respectively. Due to the background fluorescence of various components in the bile 
occurring at similar excitation/emission wavelengths used to detect NAP metabolites, bile 
samples from NAP exposures were analyzed via an HPLC with a UV-fluorescence detector. 
NAP bile samples were similarly processed with the following changes: bile was initially diluted 
to 1:5 with 50 μl of Millipore Milli-Q water; after vortex and centrifugation same as previously 
described, bile was diluted with 360 μl MeOH to an overall dilution of 1:50. Excitation/ emission 
wavelengths were 276/330 nm with peaks appearing at 9-10mins. For all bile samples, an aliquot 
of 25 μl of bile sample was collected for a protein assay after the first initial dilution with 
Millipore Milli-Q water. The Pierce™ bicinchoninic acid (BCA) protein assay was used to 
determine total protein content in all bile samples using a Molecular Devices Spectramax 190 
UV microplate reader to measure absorbance at 562 nm of the samples and a bovine serum 
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albumin (BSA) standard curve. Protein content in fish bile can give indications of the state of the 
individuals’ health and is commonly used for bile fluorescence normalization if the organisms 
feeding history is unknown (Vuorinen et al., 2006). Distribution of total protein content from all 
individual fish had a normal distribution, suggesting good health in all fish used. Further, protein 
normalization of bile fluorescence data did not adequately reduce the coefficient of variance and 
or explain the normality and variance issues observed in the data set. For these reasons and 
considering that the feeding states of the test organisms were controlled, bile fluorescence data 
were presented without protein normalization, similar to previously published work (Linard et 
al., 2015).  
2.2.8 Statistical Analysis  
JMP Pro 12 software, SAS Institute Inc., was used to perform all statistical tests. 
Adsorption isotherms were fit with the non-linear Freundlich model. Multiple regression was 
used to assess and compare the influence of PAH physicochemical characteristics on adsorption 
of PAHs by CNMs. Linear regression and correlation coefficients (R2) were used to assess 
goodness of fit of predicted fish responses to actual response in fish exposures and CNM 
bioavailability assays. Analysis of variance (ANOVA) followed by Student’s T test was used to 
compare the response of fish across all treatments for a single PAH; linear squared contrasts 
were used to compare differences between treatments across the different PAHs. Two-tailed 
mean hypothesis testing was used to determine whether bioavailability indices differed from 1 
for each PAH-CNM combination. Student’s T test was used to compare bioavailability indices to 
one another across all PAHs. Shapiro-Wilk’s test was used to test normality of bile fluorescence 
residuals; Brown and Forsythe test was used to test homogeneity of variance within treatments. 
Unless otherwise denoted, the significance level of all tests was set at 0.05.  
2.3 Results and Discussion 
2.3.1 Influence of CNM Type on Adsorption  
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Adsorption isotherms of PAHs by MWCNT and GN in the presence of 2 mg C/L NOM 
on a mass and surface basis are represented in Figure 2.1 with the corresponding Freundlich 
parameters in Table 2.1. Following methods by Zhu et al. (2005), adsorption (qe) of the PAHs by 
GN was plotted against the adsorption of the PAHs by MWCNT at the same experimental 
concentration to form a distribution curve (Figure 2.2). To help conceptualize differences in 
GN/MWCNT distribution among the four PAHs, lines at 0.33, 1 and 3 are provided on Figure 
2.2 to represent GN/MWCNT distribution coefficients (KGN/MWCNT) where qGN = 0.33 qMWCNT, 
qGN = qMWCNT, or qGN = 3qMWCNT, respectively. On a mass basis, distribution coefficients of 
PHEN and FLU fall along 0.33 distribution line (Figure 2.2 [A]) though NAP and ANT fall 
closer to the distribution line equal to one. Further comparison of the Freundlich KF values 
confirms that MWCNT adsorption capacity for FLU and PHEN was significantly greater (p-
value <0.0001) than that of GN; adsorption of ANT and NAP by the two adsorbents was not 
significantly different (Table 2.1). Except for FLU, normalization of the adsorption isotherms by 
CNM surface area did not collapse the isotherms onto the distribution line equaling one. Instead, 
GN appeared to adsorb NAP, PHEN and ANT three times greater than MWCNT (Figure 2.2 
[B]). This may be due to greater π-π interactions between PAHs’ aromatic rings and the flat 
surface of GN compared with MWCNTs’ curved surface. Several studies have suggested that 
surface curvature affects the stacking arrangement of adsorbates and causes a lower binding 
energy (Rajesh et al., 2009; Tournus et al., 2005; Apul et al., 2012a; Dindayalane and 
Leszczynski, 2010). Interestingly, it has also been observed that the presence of a non-aromatic 
ring, as in FLU, can hinder molecules contact with a flat graphitic surface leading to weaker 





Table 2.1. Freundlich isotherm model parameters for adsorption of PAHs by GN and MWCNTs 
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NAP = naphthalene; PHEN = phenanthrene; ANT = anthracene; FLU = fluoranthene; GN= 
exfoliated graphene; MWCNT = multiwalled carbon nanotube; CI = confidence interval; SSA = 









Figure 2.1. Adsorption isotherms of PAHs by MWCNT and GN on a mass and surface area 
basis. Isotherms were plotted in logarithmic scale where adsorption by A) MWCNT and B) GN 
were plotted on a mass basis;  adsorption isotherms of C) MWCNT and D) GN on a surface area 
basis. Dashed lines represent fit of Freundlich model of PAHs adsorbed to MWCNT; solid lines 








































Figure 2.2. Distribution of PAH adsorption between GN and MWCNT on a mass and 
surface area basis. The adsorption (qe) of each PAH on GN at a given experimental 
concentration plotted against the adsorption of the PAH on MWCNT at the same experimental 
concentration represents the graphene-multi walled carbon nanotube distribution on a unit (A) 
mass and (B) surface area. 
 
To further investigate differences in adsorption of PAHs by MWCNT compared with 
GN, the GN/MWCNT distribution coefficient (qGN/qMWCNT = KGN/MWCNT) as a function of 
various PAH physicochemical properties across all equilibrium concentrations was analyzed via 
regression analysis on a surface area basis (Figure 2.3). Analysis of covariance (ANCOVA) was 
used to assess differences in the partition coefficients (Kd = qe/Ce) of PAHs for GN and MWCNT 
as a function of PAH physicochemical properties to account for contrasting simple effects. There 
was a strong negative correlation between KGN/MWCNT and PAH resonance energy, polarizability, 
molecular size and octanol-water partition coefficient (Log Kow), where the distribution 
coefficient between GN and MWCNT approached one with increases in these parameters (Figure 
2.3). Considering that resonance energy and polarizability are indicators of π-donor strength 
(Zhu et al., 2005), while molecular size and Log Kow are indicative of PAHs hydrophobicity 
suggests that as π-π interactions and hydrophobic forces increase, the differences in adsorption 
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between MWCNT and GN are minimized. Further, the influence of PAH resonance energy, 
polarizability, molecular size and hydrophobicity were significantly more influential on the 
adsorption of PAHs by MWCNTs (KMWCNT) than by GN (KGN) (p-values: 0.009, 0.011, 0.012 
and 0.016, respectively), indicating that π-π interactions and hydrophobic forces are the key 
mechanisms driving adsorption of PAHs by MWCNTs, but are only moderately responsible for 
the adsorption of PAHs by GN.  
Adsorption of PAHs by MWCNT and GN was also considered as a function of chemical 
reactivity and stability, where lower HOMO-LUMO gaps and lower ionization energy were 
considered indicative of greater molecular reactivity (Radovic and Bockrath, 2005). Although 
there was no correlation between KGN/MWCNT and PAHs’ HOMO-LUMO gap or ionization 
potential (Figure 2.3 [E, F]), a notable negative correlation existed between KGN and PAHs’ 
HOMO-LUMO gap (R2: 0.93; p-value: 0.0003) and ionization energy (R2: 0.68; p-value: 
0.0018), indicating that adsorption of PAHs by GN was higher when molecules were more 
reactive. In contrast, adsorption of PAHs to MWCNT appeared to be much less influenced by 
PAHs molecular reactivity as indicated by the low correlation of KMWCNT with PAHs HOMO-
LUMO gap (R2: 0.56; p-value: 0.003) and ionization potential (R2: 0.27; p-value: 0.18). This 
may be attributed to differences in CNM morphology; surface curvature of MWCNTs create a 
diversity of C-C bond lengths and alters the distribution of HOMO and LUMO π-orbitals on the 
graphitic surface unlike those in existence on the planar surface of graphene or graphite (Zhu et 
al., 2005). Such differences affect electronic properties and adsorption site distribution on the 
two materials, thus can cause adsorbates to interact with the CNMs in a different manner 
(Dindayalane and Leszczynski, 2010). These findings are in line with previous studies that found 
electrostatic interactions contributed to stabilizing adsorption of planar molecules by flat 
graphitic surfaces, which may not be as prevalent for CNTs (Zhu et al., 2005; Bjork et al 2010). 
Overall, the specific interactions PAHs have with the available adsorption sites present seem to 
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be more influenced by the PAHs physicochemical characteristics and CNM morphology rather 
than CNM surface area.  
 
Figure 2.3. Relationship between surface area normalized GN/MWCNT partition 
coefficient (KGN/MWCNT = qe GN/ qe MWCNT) and selected PAH physicochemical 
properties: A) resonance energy; B) polarizability; C) molecular size; D) octanol-water partition 
coefficient; E) HOMO-LUMO gap; F) ionization potential. Represented PAH physicochemical 
characteristic values were collected from the literature and chemical databases and are listed in 






2.3.2. Influence of PAH Properties on Adsorption  
Adsorption capacity can be described empirically by Freundlich KF values and as 
distribution coefficients at single concentration points (Kd = qe/Ce, where qe is the concentration 
of PAH adsorbed per unit CNM and Ce is the equilibrium aqueous concentration of the PAH). 
The adsorption isotherms of PAHs by MWCNT and GN were well fit by the Freundlich model 
where similar trends in KF and n values were observed for both CNM types. The Freundlich 
exponent n, where low values are indicative of greater surface heterogeneity and adsorption 
intensity (Brooks et al., 2012), similarly decreased for both materials as PAH polarizability and 
resonance energy increased. This suggests that as PAH π-donor strength increased there was also 
an increase in adsorption intensity to both CNMs (Zhu et al., 2005).  Following previously 
established trends, PAH uptake by MWCNT and GN increased with increasing hydrophobicity 
(Apul et al. 2013). Adsorption of FLU by MWCNT [KF value: 88.5 in (mg/g)(mg/L)
n ] was 
nearly two times greater than that of ANT, PHEN, and NAP, all of which had similar adsorption 
capacities [KF values: 48.1, 49.6, and 53.6 in (mg/g)(mg/L)
n respectively] (Table 2.1). 
Interestingly, adsorption capacity of NAP and ANT by GN [KF values: 43.4 and 47.2 in 
(mg/g)(mg/L)n, respectively] was significantly larger than FLU and PHEN [KF values: 30.3 and 
16.8 in (mg/g)(mg/L)n, respectively], suggesting that beyond hydrophobicity, PAH morphology 
may influence adsorption interactions (Table 2.1). The hydrophobic effect was suppressed by 
normalizing the adsorption coefficient (Kd) by the PAHs’ octanol-water partition coefficient 
(Kow). The normalized adsorption coefficient (Kd/Kow) plotted against equilibrium concentrations 
of each of the PAHs showed higher adsorption of NAP over the other three PAHs by both CNMs 
(Figure 2.4 [A & B]). This is attributed to the ability of NAP to better access available adsorption 
sites over larger PAH molecules (Wang et al. 2014; Sun et al 2013b). Kd/Kow as a function of 
equilibrium concentration also revealed that MWCNT adsorption of NAP and ANT had similar 
slopes (slopes: -0.32 to -0.24, respectively) that were significantly smaller than that of FLU and 
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PHEN (slopes: ~ -0.45, for both) with a p-value of 0.0345. As equilibrium concentration 
surpassed 10% of the PAHs’ solubility concentration there was an increasing divergence 
between the two sets of PAHs, where MWCNT had a higher adsorption affinity for NAP and 
ANT than FLU and PHEN (Figure 2.4 [C]). This suggests that at a higher solubility range, 
higher energy adsorption sites were still available for NAP and ANT, but became more limited 
for FLU and PHEN. Previous studies have found linear PAHs, such as NAP and ANT, can better 
align with MWCNTs’ curved surface than angular or irregular PAHs, which may undergo steric 
hindrance thus are less able to access sorption sites at higher concentrations (Gotovac et al., 
2007; Apul et al., 2012a; Tournus et al., 2005; Wang et al., 2014). In contrast, when adsorbed to 
GN, NAP Kd/Kow remained relatively constant while Kd/Kow values for PHEN, ANT and FLU 
decreased with increasing equilibrium concentrations (Figure 2.4 [B]). Preliminary analysis of 
Raman spectra of MWCNT and GN when PAHs are adsorbed, showed a shift in the G band 
position of MWCNT when NAP is adsorbed, indicating that the interaction between MWCNT 
and NAP is beyond physical adsorption to the surface (Table B2). This supports findings by Sun 
et al. (2013b) that adsorption of NAP by GN is partially driven by pore-filling mechanisms rather 






































































Figure 2.4. Adsorption normalized by hydrophobic character plotted as a function of 
equilibrium concentration. The relationship between the octanol-water partition coefficient 
(Kow) normalized adsorption descriptor (Kd/Kow) and equilibrium concentration was plotted on a 
mass basis (A & B) and as % PAH water solubility (C & D), of naphthalene, phenanthrene, 
anthracene and fluoranthene by MWCNT (open symbols) and GN (closed symbols) represented 
in logarithmic scale. 
 
2.3.3 Bioavailability of PAHs Adsorbed to MWCNT and GN  
Log transformation of the bile fluorescence data corrected the normality and variances 
issues observed in the raw data (Figure 2.5). Bile fluorescence was significantly lower in all 
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PAH-spiked treatments containing MWCNT compared to treatments of just PAH-spiked 
background solution. In PHEN, ANT, and FLU spiked MWCNT treatments, bile fluorescence 
was significantly higher than the response in the control treatments (p-value: 0.019, <.0001, and 
0.004, respectively); in NAP spiked MWCNT treatments the response was not significantly 
different than the control, suggesting MWCNT-adsorbed NAP was completely un-bioavailable. 
In contrast, bile fluorescence in PAH-spiked treatments containing GN appeared to be 
significantly lower than the PAH-only treatments for only ANT spiked treatments, though this 
was still significantly higher than the control (p-value: 0.0015). This suggests that either a) fish 
are responding to the aqueous concentration (Ce) of PAH remaining in the system after 










Figure 2.5. Response of P. promelas to PAHs in the absence and presence of CNMs. 
Response of P. promelas to control, PAH only, PAH with multi-walled nanotubes (MWCNT) 
and PAH with exfoliated graphene (GN) treatments is represented as the mean bile fluorescence 
intensity (in natural logarithmic units). Error bars represent a 90% confidence interval of the 
mean. Within each PAH, levels not labeled by the same letters are significantly different based 
on Student’s T test and least squares mean (p-value < 0.1). 
 
The response of P. promelas in treatments containing MWCNT or GN as a function of 
PAH aqueous concentration (Ce) was further investigated by plotting the measured response of 
P. promelas against the predicted response (Figure 2.6). Aqueous concentrations of NAP, PHEN, 
ANT, and FLU were 4, 4, 1, and 2 µg/L in MWCNT treatments and 4, 5, 1, and 6 µg/L in GN 
treatments, respectively. The predicted response of P. promelas was calculated from dose-
response curves established for each PAH, where bile fluorescence intensity was a function of 
aqueous PAH exposure. In general, the predicted bile fluorescence of P. promelas was within the 
95% confidence envelope of actual bile fluorescence. Similar to Xia et al (2012), this suggests 
that the response of P. promelas was largely due to the un-adsorbed fraction of the PAH. The 
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apparent greater effectiveness of MWCNT over GN to reduce bioavailability of PHEN and FLU 
is attributed to the lower adsorption capacity of PAHs by GN on a mass basis. Two exceptions 
existed; the predicted response of P. promelas in NAP-spiked MWCNT treatments and ANT-
spiked GN treatments was significantly higher than the actual response (p-value: <.0001 for 
both). This is partially attributed to the route of exposure and subsequent excretion of small 
PAHs, like NAP. Although the remaining aqueous fraction of most PAHs left in such a system 
would be taken up at the gills and the metabolites excreted into the gallbladder, exposure of NAP 
at the gills is likely to remain unconjugated and excreted directly via urine and, therefore, was 
not measured through the bile analysis technique (Tukikene, 1995). Additionally, studies have 
observed that linear PAHs, like NAP and ANT, have an enhanced stacking ability with the GN 
surface carbon rings (Chakrova-Kack et al., 2010). This type of interaction in combination with 







Figure 2.6. Relationship between the measured and the predicted response of P. promelas 
from each treatment. The solid line represents the relationship between the actual and predicted 
response of P. promelas to the aqueous exposure of the PAHs in control and PAH only 
treatments; dashed lines represent the 95% confidence interval envelope around the prediction 
line. Individual data points represent the mean response of P. promelas in PAH-spiked 
treatments with MWCNT (open symbols) and GN (closed symbols); error bars represent 90% 
confidence interval across exposure replicates. RFUs = relative fluorescent units; MWCNT = 
multi-walled carbon nanotubes; GN = exfoliated graphene; NAP = naphthalene; ANT = 
anthracene  
 
2.3.4 Relationship Between Adsorption Behavior and Bioavailability of MWCNT 
and GN Adsorbed PAHs  
Due to differences in fluorescence intensity between PAHs as a product of metabolite 
fluorescent properties, bile fluorescence comparisons are only relative among samples analyzed 
at the same wavelength pair. To allow for a direct comparison across different PAHs, the change 
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in bile fluorescence due to presence of CNMs was expressed as a proportion of bile fluorescence 
of fish exposed to just the PAH without CNMs present. Following methods from the literature, a 
bioavailability index was developed to assess how a change in PAH bioavailability relates to the 
observed adsorption of the PAH by CNMs in each exposure (Chen et al., 1996; Torreiro-Melo et 
al. 2015). The bioavailability index is expressed as follows.  
                                                     (2.2) 
Where ResponsePAH = bile fluorescent intensity measured in fish from PAH-spiked treatments 
containing only the background solution (i.e. positive control), ΔResponse = difference in bile 
fluorescent intensity measured in fish between PAH-spiked treatments with and without the 
CNM present, C0 = original concentration of PAH spiked into the system, and ΔC = change in 
aqueous concentration of PAH left in the system after adsorption equilibrium was reached with 
either MWCNT or GN.  
A bioavailability index of one, where change in bile fluorescence is the same as the 
change in PAH aqueous concentration due to CNM, indicates that only the un-adsorbed PAH 
(Ce) remains bioavailable for metabolism. A bioavailability index < 1 results when change in 
response was less than the measured change in PAH concentration in the system, suggesting that 
some of what is adsorbed is bioavailable; a bioavailability index of zero is due to a lack of 
change in response regardless of changes in the aqueous concentration of the PAH, indicating 
that all of what was adsorbed remained bioavailable. In instances where change in response was 
greater than the measured change in aqueous PAH concentration in the system, a bioavailability 
index <0 or >1 could result; a bioavailability index <0 would indicate that CNMs enhance 
bioavailability of PAHs. A bioavailability index >1 suggests that bioavailability of the PAH was 
reduced beyond what was adsorbed and indicates that the adsorbed fraction of the PAH is not 
bioavailable through dietary exposure. Although, it is important to note that exposure to aqueous 
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PAH at the gills may result in excretion of some metabolites through urine rather than bile and 
may be a confounding factor leading to lower response detected via bile analysis thus an index > 
1 (Tukikene, 1995). 
A comparison of bioavailability indices across PAHs indicates that while MWCNT 
reduces bioavailability of ANT, PHEN and FLU similarly, some of what was adsorbed remained 
bioavailable (Figure 2.7). Two-tailed mean hypothesis testing that bioavailability indices equal 
one indicated that 35-70%, 40-75%, and up to 90% of adsorbed ANT, FLU and PHEN, 
respectively, could remain bioavailable. Even with a large variation in fish response from NAP-
spiked treatments containing MWCNT, data indicated that only up to 20% of adsorbed NAP 
could remain bioavailable. This suggests MWCNTs were more effective at reducing 
bioavailability of NAP than other PAHs in terms of dietary exposure. This is attributed to small-
sized NAP adsorbing to both the surface of MWCNT and filling pores (Sun et al., 2013b), where 
it is likely less accessible for digestive components.  
Assessment of GN treatments shows an average bioavailability index that is above 1 for 
both NAP and ANT spiked treatments, while the index was below one for PHEN and FLU 
treatments (Figure 2.7). Two-tailed mean hypothesis testing the null hypothesis that BI = 1 
indicated that it is unlikely that any of GN-adsorbed NAP is bioavailable, though up to 30% of 
GN-adsorbed ANT could be bioavailable. 80-100% of GN-adsorbed FLU was calculated to be 
bioavailable and up to 100% of GN-adsorbed PHEN may remain bioavailable. Adsorption of 
PAHs onto GN sheets at low concentrations can alter the aggregate formations of GN 
nanosheets, thus leading to desorption hysteresis (Wang et al., 2014; Zhao et al., 2014). 
Depending on the degree of desorption hysteresis, the reduction in bioavailability can be 
variable. Of significant interest, the effect of GN on bioavailability of NAP and ANT was 
statistically similar and significantly greater than the influence of GN on PHEN and FLU 
bioavailability (p-value < 0.05). This is likely due to NAP and ANT having a stronger interaction 
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with GN than PHEN and FLU, as also was observed in the adsorption data. This is attributed to 
differences in the morphology of PAH molecules, which can alter the compounds stability and 
ability to form π- π interactions with the surface of the CNM. The linear configuration NAP and 
ANT molecules gives them a lower resonance energy than PHEN and FLU; this increased 
compound stability in linear molecules appears to be a significant contributing factor driving 
bioavailability of GN-adsorbed PAHs (Tournus et al., 2005; Tournous and Charlier, 2005; Li et 
al 2013a; Shen et al. 2013). 
 
Figure 2.7. Comparison of bioavailability index across all treatments containing MWCNT 
(stripped bars) and GN (solid bars). Error bars represent the 95% confidence interval of the 
mean and levels not connected by the same letter are statistically different based on Student’s T 
test and least squared means (p-value < 0.05). Dashed line at 1 bioavailability index represents 
the expected indices if only the free fraction (Ce) of PAH were bioavailable. 
 
ANCOVA of bioavailability indices as a function of PAH physicochemical 
characteristics indicated that there was no interaction with CNM type, suggesting that even if 
differences in adsorption were observed due to interactions between CNM type and PAH 
 58 
physicochemical characteristics this was not a significant factor influencing bioavailability of 
adsorbed PAHs (Figure 2.8). However, regression analysis of bioavailability indices from CNM 
exposures as a function of PAH physicochemical characteristics showed a strong negative 
correlation with the PAHs’ π-donor strength, represented by resonance energy and polarizability, 
and hydrophobic character, represented by molecular size and the octanol-water partition 
coefficient (Figure 2.8, [A, B, C & D]). This suggests that the bioavailability of adsorbed PAHs 
increases with increasing π-donation capability and increasing hydrophobicity. While increasing 
π-donation capability and hydrophobicity increases the strength of adsorption of PAH molecules 
by CNM, it may also increase the bioaccumulative potential of the compounds in the organism 











   
Figure 2.8. Relationship between bioavailability index from CNM exposures with PAH 
physicochemical characteristics. Error bars represent 95% confidence levels of the mean 
bioavailability indices from CNM treatments for each PAH. The listed p-value describes the 
effect of the PAH physicochemical characteristic on bioavailability index from all treatments 
containing CNM; asterisks indicate a significant relationship between the bioavailability indices 
and the PAH physicochemical characteristic.  
 
To further investigate the relationship between adsorption behavior and bioavailability, 
the bioavailability indices were plotted as a function of calculated Freundlich model adsorption 
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parameters, n and KF. While the Freundlich capacity factor (KF) had no correlation with 
bioavailability indices for MWCNT, there was a moderate positive correlation for GN where 
higher adsorption capacity led to greater reduction in bioavailability of adsorbed PAHs (data not 
shown). For both MWCNT and GN, there was a significant positive correlation between the 
Freundlich n value and bioavailability indices (Figure 2.9 [A]). Although this appears to suggest 
a greater reduction in bioavailability as the adsorption process became more linear and surface 
more homogenous, it is important to point out that variances in the bioavailability index for each 
PAH increased as Freundlich exponent n approached 1. Greater variation at higher n-values 
suggests that with greater surface homogeneity and a narrower distribution of high energy 
adsorption sites, adsorption may be weaker (Brooks et al., 2012; Zhu et al. 2005). The observed 
trend is attributed, in part, to a concentration effect as a function of surface area coverage by the 
PAH molecules (Figure 2.9 [B]). The % surface area coverage can be estimated given the CNM 
BET surface area, concentration in solution, individual PAHs molecular surface area supplied in 
Table S2 and PAH concentration in solution. Although similar concentrations were used in the 
bioavailability assays, estimated surface area coverage on MWCNT by NAP, PHEN, ANT and 
FLU was 15, 25, 35, and 85% respectively, and on GN was 35, 45, 75, and ~100% respectively. 
At low surface area coverage there is a greater distribution of sorption sites, but as surface area 
coverage increases with increasing concentration, the high energy adsorption sites become filled 
leaving only lower energy sites available (Apul et al., 2013; Wang et al. 2014; Brooks et al., 
2012). Molecules adsorbed in lower energy sites are more vulnerable to release due to 
competition by biomolecules present in the digestive tract or to preferring to complex with other 
compounds present in the aqueous phase (Van de Wiele et al., 2004). At the concentrations used, 
surface area coverage by small sized NAP is low so is likely less bioaccessible than the other 
PAHs, although it is likely that at higher concentrations the ability of CNM to reduce NAP 
bioavailability may not be as effective as currently observed.  Overall, the interactions occurring 
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between the adsorbate and the surface of the CNM play a significant role in bioavailability of 
CNM-adsorbed PAHs although the relationship with surface heterogeneity is not well 
understood. Future work should examine the role of surface interactions between the CNM and 



























Figure 2.9. Bioavailability index as a function of (A) surface heterogeneity and (B) % CNM 
surface area coverage. Surface heterogeneity is represented by Freundlich exponent n and % 
surface area coverage by PAH molecules is based on the assumption of monolayer adsorption. 
Single data points represent the mean bioavailability index determined from MWCNT treatments 
(open circles) and GN treatments (solid squares) where error bars represent the 95% confidence 
interval of the mean. 
 
2.3.5 Effect of Biological Conditions on Bioavailability  
Similar to previous studies, CNMs alone were not found to be toxic to the fish though 
they were readily ingested and compartmentalized in the gut prior to excretion (Su et al., 2013; 
Peterson et al.; 2009; Edgington et al.; 2010; Bisesi et al., 2015) (Figure C2). While small 
aggregates of CNM may form at the gills, the digestive tract has been considered the primary 
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route of absorption of CNM-adsorbed OCs (Hou et al., 2013; de Maagd and Vethaak, 1998; 
Qiang et al., 2016; Su et al. 2013), where bioaccessibility and metabolism of PAHs during the 
digestion process is largely driven by residence time, gastrointestinal pH, and presence of bile 
salts (Dean and Ma, 2007). Like previously published findings of minnow gut passage time, the 
test organisms were observed to egest any ingested CNM material within a few hours (German et 
al., 2009), suggesting that the bioaccessible fraction of CNM-adsorbed PAH would be absorbed 
into the organism within that time (Su et al., 2013). Because P. promelas are from the Cyprinidae 
family of fish, they lack true stomachs so ingested materials are directly released into the 
intestine with a near neutral pH (~6.8) (Hofer et al., 1981; German et al., 2009). Even in more 
complex gastrointestinal fluids, desorption of OCs from CNTs has not been observed to be 
significantly influenced by pH or ionic strength (Wang et al., 2011). Rather the presence of bile 
salts, bio-surfactants released during digestion to enhance solubility and uptake of hydrophobic 
compounds, are largely responsible for driving desorption of OCs from ingested materials (Wang 
et al., 2011; Sun et al., 2013; Van de Wiele et al., 2004; Olsen and Ringo et al., 1997). The 
solubilizing effect of bile salts is dependent on the concentration and accessibility to the 
compound (Maldonado-Valderrama et al., 2011; Wang et al., 2011); in starvation conditions, 
such as existed in the presented work, the low level of bile salts has been shown to have little 
effect on OC desorption from CNTs (Wang et al. 2011; Sun et al., 2013). Although microbiota in 
the gut can also contribute to solubilization and metabolism of PAHs (Nayak, 2010), starvation 
conditions and the presence of CNMs can alter microbiota makeup making it difficult to discern 
their potential role in desorption of PAHs from CNM in fish (Bisesi et al., 2015; Nayak, 2010). 
Considering the starvation conditions used in this study and the relative similarity of P. promelas 
gut tract with the outside aqueous environment, the biological components involved in the 
digestion process were not likely a major contributor. However, differences in CNMs’ geometry 
can allow for the formation of closed interstitial spaces when aggregating thus entrapping 
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adsorbed molecules and causing desorption hysteresis (Yang and Xing, 2007). Rather than 
biological components, it may be that agglomeration or physical packing of CNMs in the gut 
tract may significantly influence desorption and the corresponding bioavailability of adsorbed 
OCs.  
2.4 Conclusion 
In summary, the adsorption data supported studies previously concluding that 
hydrophobic interactions largely drive adsorption of PAHs to MWCNT and electrostatic 
interactions are more important for adsorption of PAHs to GN. In contrast, bioavailability 
appeared to be more influenced by the ability of PAH molecules to access the available 
adsorption sites, as a function of molecular size and morphology, rather than the type of CNM. 
This work supported findings by Xia et al. (2012) that found chemical characteristics of OCs to 
be more influential on resulting bioavailability than CNM type. Further, the current study 
suggested that reduction in bioavailability of CNM-adsorbed PAHs was due to desorption 
hysteresis occurring during dietary exposure which may be altered by the CNMs agglomeration 
in the gut tract. This may explain why surface heterogeneity, an indication of adsorption site 
distribution, and surface area coverage appeared to be important factors influencing 
bioavailability of CNM-adsorbed OCs. While assessing adsorption of PAHs by CNMs in 
aqueous solutions provided insight into the more favorable adsorption interactions to occur, the 
physical and chemical alterations of CNMs in an organisms’ digestive system limit the ability to 
accurately estimate the resulting bioavailability. To better understand dietary exposure of CNM-
adsorbed compounds, future studies should investigate the mechanism by which desorption 
hysteresis occurs in the intestinal tract and the relationship to adsorption interactions with 
compounds occurring in the aqueous phase prior to ingestion.   
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CHAPTER THREE 
CHARACTERIZATION AND MODELING THE ADSORPTION-
BIOAVAILBITY RELATIONSHIP OF PAHS BY MWCNTS 
3.1 Introduction 
 With the growing use of carbon nanomaterials (CNMs) in consumer products and 
inevitable release into the environment, it has become increasingly important to understand how 
these materials interact with various environmental components. Due to their strong adsorption 
affinity for organic molecules, including both natural organic matter and anthropogenic 
chemicals, it is not surprising that they can alter the fate and transport of organic materials in 
various environmental compartments (Hofmann and von der Kammer, 2009; Zhang et al., 2011; 
Wang et al. 2012). Of particular concern is the potential of CNMs to alter the bioavailability of 
adsorbed compounds to organisms (Baun et al., 2008).  
The adsorption of organic contaminants by CNMs, such as carbon nanotubes and 
graphene, has been found to largely be reversible in aquatic systems (Yang and Xing, 2007). As 
such, transport of CNM-adsorbed contaminants is dependent on the strength of adsorption and 
the rate of desorption (Hofmann and von der Kammer, 2009). Similarly, the influence of carbon 
nanotubes (CNTs) on the bioavailability of adsorbed contaminants is attributed to their 
adsorption behavior (Ferguson et al., 2008; Xia et al., 2012). In recent years, studies have used 
bioconcentration and biota-sediment factors to help describe the bioavailability of CNM-
adsorbed contaminants with variable success (Ferguson et al., 2008; Peterson et al., 2009). The 
bioconcentration factor (BCF), defined as the uptake of a chemical into the organism via 
absorption from just the surrounding water, assumes that only the freely dissolved fraction is 
bioavailable (Voutas et al. 2002; Peterson et al., 2009). For sediment ingesting organisms, the 
biota-sediment accumulation factor (BSAF) describes the uptake of the compound from the 
sediment assuming that adsorption/absorption equilibrium has been reached (Ferguson et al., 
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2008). It is generally assumed that the sequestered or adsorbed fraction of contaminant is not 
bioavailable unless it desorbs; thus by understanding the adsorption/ desorption behavior, 
resulting bioavailability should be relatively predictable (Alexander, 2000; Gomez-Laho and 
Ortega-Calvo, 2005; Beckles et al., 2007).  
The use of predictive models to estimate bioavailability of contaminants adsorbed to soil 
or sediment has been useful in decreasing the costs of risk assessments and providing enhanced 
understanding on abiotic and biotic interactions of contaminants in the environment. However, a 
massive amount of data is required to establish such relationships for CNMs. Although several 
studies exist that have examined the influence of various CNMs on the bioavailability and 
toxicity of a range of contaminants, there is still a gap in understanding the mechanism driving 
the bioavailability of CNM-adsorbed molecules. In recent years, the understanding of the 
adsorption behavior of carbon nanomaterials, particularly carbon nanotubes (CNTs), has 
drastically advanced. QSAR (quantitative structure activity relationship) and LSER (linear 
solvation energy relationship) models have been shown to have high accuracy in predicting the 
adsorption of a wide range of organic contaminants to CNTs where the adsorption descriptors are 
initially established from adsorption isotherms (Apul et al., 2012a; Xia et al., 2010; Zhao et al., 
2014). As studies have also found good correlations between bioaccumulation of chemicals 
adsorbed to sediment and the experimental established adsorption/desorption isotherms 
(Lawrence et al., 2000), the potential to use adsorption isotherms to describe the bioavailability 
of CNM-adsorbed organic contaminants is promising.  
In this study, a systematic approach was used to characterize the relationship between 
adsorption and resulting bioavailability of polycyclic aromatic hydrocarbons (PAHs) adsorbed to 
multi-walled carbon nanotubes (MWCNTs). The goal was to establish a more holistic 
understanding of the mechanisms controlling bioavailability of CNM-adsorbed organic 
contaminants and improve our ability to predict the biological impacts of CNMs. A suite of 
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seven PAHs ranging in hydrophobicity, size, ring configuration and molecular structure were 
used in this study to assess the influence of adsorbate physicochemical characteristics on the 
adsorption-bioavailability relationship. Traditional linear free energy relationships (LFER) and 
generalized regression modeling techniques were used to gain insight into the predominant 
adsorption interactions of planar aromatics by MWCNTs. Multiple linear regression analysis was 
used to develop a model describing the bioavailability of the MWCNT-adsorbed PAHs given the 
experimentally measured adsorption descriptors.  
3.2 Materials and Methods 
3.2.1 Materials 
Seven polycyclic aromatic hydrocarbons (PAHs) were used in this study: naphthalene 
(NAP), 99+% purity from Alfa Aesar; acenaphthene (ACE), 99% purity, fluorene (FLO), 98% 
purity, and pyrene (PYR), 98% purity, from Sigma-Aldrich; phenanthrene (PHEN), 97% purity, 
and anthracene (ANT), 99% purity from ACROS Organics; fluoranthene (FLU), 98% purity, 
from ULTRA Scientific. Physicochemical properties of PAHs are presented in Appendix A 
(Table A1). Stock solutions were prepared in HPLC grade methanol.  
Multi-walled carbon nanotubes (MWCNTs) were purchased from Nanostructured & 
Amorphous Materials (Houston, TX) and suspended in moderately hard water with 2 mg C/L 
natural organic matter (NOM) via sonication (Branson 450 digital sonifier affixed with 0.5 
microtip) at 60 watts for 1 hour (Linard et al., 2015). Concentration was measured via visible 
light absorbance at 800 and 660 nm for MWCNT and GN solutions, respectively, using a 
Molecular Devices Spectramax 190 microplate spectrophotometer (Hyung and Kim, 2008; Lotya 
et al. 2008). Mass based calibration curves of MWCNTs in solution are supplied in Appendix B 
(Figure B3). The final solution ratio of MWCNT to dissolved organic carbon was 1.5 to 2 mg/L. 
Characterization data of MWCNT as received and after preparation with the NOM are 
summarized in Appendix B (Table B1).  Morphological characteristics, i.e. diameter, and length 
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were verified or determined via transmission electron microscopy (Hitachi HD-9500 or H-7600) 
in conjunction with image analysis software (Image Pro) (Figure B1). For surface 
characterization, MWCNT solutions were centrifuged 4 hours at 1000 x g. Sedimented MWCNT 
were dried in a desiccator at 30ºC for ~ 72 h. Nitrogen adsorption of the MWCNTs was 
performed with a physiosorption analyzer (Micromeritics) at 77K before and after MWCNT 
adsorption of dissolved organic carbon. Surface area, pore volume and pore size distribution of 
the MWCNTs was calculated from the nitrogen adsorption isotherms with the use of Brunaur-
Emmett-Teller (BET) equation, the Barrett-Joyner-Halendea (BJH) equation, and the density 
functional theory model (DFT) respectively (Zhang et al. 2009). 
Suwannee River NOM collected from near the Suwannee River Visitor’s Center (Fargo, 
GA) had a dissolved organic carbon concentration of 64 mg C/L, determined using a Shimadzu 
total organic carbon analyzer and had a specific ultraviolet absorbance (SUVA254) value of 4.08 
L mg-1m-1. All solutions were prepared in moderately hard water following the U.S. 
Environmental Protection Agency standard recipe; 96 mg/L NaHCO3, 60 mg/L CaSO4, 60 mg/L 
MgSO4, 4 mg/L KCl in 18 mega-ohm Millipore Milli-Q water.   
3.2.2 Adsorption Isotherms 
Batch aqueous phase adsorption isotherms were run in triplicate for each PAH in 
moderately hard water (MHW) containing 2 mg C/L NOM. Glass centrifuge tubes containing 1.5 
mg/L MWCNT suspension affixed with aluminum-foil-lined Teflon caps were spiked with PAH 
stock solution. Isotherm vials were allowed to come to equilibrium on a bench top shaker table at 
200 rpm at room temperature (25ºC± 1°C) for 96 hours (preliminary tests showed that 
equilibrium was reached within 24-48 hours). Initial PAH concentrations of NAP, ACE, FLO, 
PHEN, ANT, FLU, and PYR ranged from 5-1000, 1-250, 1-200, 5-400, 0.25-40, 1-200, and 1-
100 µg/L, respectively.  Vials without CNMs were identically prepared to serve as positive 
controls; controls for the entire system were spiked with methanol only. After equilibrium was 
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reached, vials with and without CNM were centrifuged (Eppendorf 5804 R) at ~1500 x g for 1 
hour to sediment any CNM agglomerates that may have formed during tumbling. The remaining 
supernatant was analyzed in black polystyrene 96-well plates with Molecular Devices Gemini 
fluorescence microplate reader at excitation/emission wavelengths 276/330, 285/330, 260/310, 
250/363, 252/399, 280/440 and 270/390 nm for NAP, ACE, FLO, PHEN, ANT, FLU and PYR, 
respectively. Fluorescence of CNM-adsorbed PAHs is statically quenched due to PAHs acting as 
π-donors when interacting with graphitic materials, thus the remaining unbound PAH 
concentration in the aqueous solution could be determined via fluorescence intensity (Singh et al. 
2011; Debnath et al. 2010; Kukkonen and Pellinen, 1994). Analysis of a methanol rinse of 
positive control vials showed minimal loss of PAHs due to sorption to vial walls. CNM sorption 
of all PAHs was calculated as differences in aqueous PAH concentration between positive 
controls and CNM samples using fluorescent standard curves developed for each PAH in the 
background solution containing 2 mg/L NOM. Temperature, pH, and ionic strength were 
controlled across each experiment and reflected minimal change. 
3.2.3 Isotherm Modeling 
Experimental isotherm data were fit with four non-linear models that have been 
commonly used to investigate the adsorption behavior of PAHs by CNMs, activated carbon and 
black carbon (Kah et al., 2011). The equations and parameters are presented in Table 3.1. The 
Freundlich model (FM) assumes a heterogenous distribution of adsorption sites, whereas the 
Langmuir model (LM) assumes a homogenous distribution of adsorption sites with a finite 
number sites. Like the LM, the dual-Langmuir model (DLM) also assumes a finite number of 
adsorption sites with a maximum adsorption capacity although two types of adsorption sites are 
considered (i.e. high and low-energy) (Kah et al., 2011; Yang et al., 2006). The Polyani-Manes 
model (PMM) assumes that adsorption is related to the distance the molecule is from the 
adsorbent surface (i.e. adsorption space) and the attractive forces between the adsorbate and 
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adsorbent (i.e. adsorption potential) (Yang et al., 2006). The goodness of model fit was analyzed 
by the correlation coefficients (R2) and residual root mean square error (RMSE). 
 
Table 3.1. Nonlinear sorption models used to fit adsorption isotherms of all PAHs to MWCNTs.  




1/n KF[(mg/g)/(mg/L)1/n], Freundlich affinity 
coefficient; 
1/n, Freundlich exponential coefficient  
Langmuir 
(LM) 
qe = (qmax*KL*Ce)/ (1+ KL*Ce) KL(L/mg), Langmuir affinity coefficient;  
qmax(mg/g), maximum adsorbed capacity 
Polyani-Manes 
(PMM) 
log qe = log qmax + a*(Єsw/Vs)b 
Єsw = RT*ln(Cs/Ce) 
 
qmax(mg/g), maximum adsorbed capacity; 
Єsw(J/mol), effective adsorption potential; 
Cs(mg/L), adsorbate water solubility 
Vs(cm3/mol), molar volume of solute;  
a[(cm3) b+1/ (mol Jb)] and b, fitting 
parameters; 
R [8.314 J/(K mol)], universal gas constant; 
T(K), absolute temperature 
Dual-Langmuir 
(DLM) 
qe = [(qmax1*KL1*Ce)/(1+KL1*Ce)] 
+ [(qmax2*KL2*Ce)/(1+KL2*Ce)] 
qmax1(mg/g) and qmax2(mg/g), maximum 
adsorbed capacity of site population 1 and 2; 
KL1(L/mg) and KL2(L/mg), affinity 
coefficient of site populations 1 and 2 
*For all models, qe (mg/g) and Ce (mg/L) represent the adsorbed concentration and aqueous 
concentration, respectively, of PAH at equilibrium. 
 
3.2.4 LFER Modeling 
 Single point adsorption descriptors, Log Kd (i.e. qe/Ce) can be described by linear free 
energy relationship (LFER) model in the form: 
Log Kd = c + rRi + pπi + aαi + bβi + vVi                                       (3.1) 
Where Ri, πi, αi, βi, and Vi are the molecular descriptors for the ith adsorbate from the list 
of PAHs used in this study. c is the regression constant, R is the excess molar refractivity 
calculated from refractive index using the Lorenz-Lorentz expression (Pacak, 1988), π is 
polarizability, α is hydrogen bond donating ability (i.e. acidity), β is hydrogen bond accepting 
ability (i.e. basicity) and V is the molecular volume, reflective of London dispersion (Xia et al., 
2010). These parameters are summarized in Appendix A (Table A1); hydrogen bond donating 
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ability was not included, because this value was zero for all PAHs (Schwarzenbach et al., 2003). 
The coefficients [r, p, b, v] of the LFER model were determined via multiple linear regression 
analysis using JMP Pro 12 software. The parameter value size is reflective of the relative 
contribution of the different molecular interactions occurring between the adsorbate and 
adsorbent (Xia et al., 2010). LFER models are concentration dependent, thus different models 
were developed for the dependent variable (Log Kd) at two concentrations, 1% and 10% PAH 
water solubility denoted as Log K0.01 and Log K0.1, respectively. Individual model parameters 
were assessed to determine if the true coefficient was significantly different from zero using an 
alpha value of 0.05. Parameters were considered to have a significant influence on the dependent 
Log Kd value when p-values were less than 0.05 and variance inflation factor (VIF) values were 
<10.  
Training data sets were obtained from the experimental adsorption isotherms and were 
internally validated using prediction error sum of squares (PRESS) values that operate by using a 
Leave-One-Out technique. The models were externally validated using the experimental 
obtained adsorption descriptors from later described bioavailability assays. The goodness of fit 
was measured via correlation coefficient (R2), root mean squared error (RMSE), and PRESS 
values, where smaller PRESS values indicated a stronger predictability by the model than larger 
values (Apul et al., 2012). Multicollinearity among the independent variables was evaluated by 
the VIF where variables with VIF values > 10 indicated too high of correlation between the 
variables to distinguish the influences each independent variable has on the dependent variable 
(Belsley et al., 1980).  
3.2.5 Bioavailability Assays 
 Adult Pimphales promelas (fathead minnows) weighing greater than or equal to 1 g wet 
weight were randomly selected from an established culture at Clemson University Cherry Farm 
Fish Facility for bioavailability assays. Tests organisms were allowed to acclimatize for a 
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minimum of 7 days in the exposure aquaria where temperature was maintained at 25°C ± 1°C 
with a 16/8 h light/dark photoperiod. Fish were fed a Tetramin mix to satiation daily during the 
acclimatizing period and starved 24 hours prior to and during exposures to minimize the effect of 
feeding variation between individuals (Vuorinen et al., 2006; Linard et al. 2015). All exposures 
were static, non-aerated and conducted for a total of 16 hours in a background solution of 
moderately hard water containing 2 mg C/L NOM (hardness = 100 mg/L as CaCO3; alkalinity = 
60 mg/L as CaCO3; pH = 8.0). Water quality and fish behavior were monitored throughout the 
duration of the experiment with full water changes every 4 hours. Mortality was rare (<1%) and 
random across all treatments and controls, indicating that concentrations of neither MWCNTs 
nor PAHs used during this study were at a level to cause an acute adverse effect for the 
organisms.  
 All exposures were run in replicates with ~4 fish per aquaria where the average response 
per tank per treatment was considered a single measurement unit. Fish were exposed to a range 
of concentrations in the background solution to establish dose-response relationships for each 
PAH which are shown in Appendix C (Figure C1). Preliminary tests comparing the response of 
fish in control treatments with and without MWCNT solution were not different indicating that 
the change in response was directly related to the change in PAH concentration taken up by the 
organism. Therefore, bioavailability assays consisted of three distinct treatments: 1) control, 
consisting of background solution only; 2) PAH  only,  the background solution spiked with a 
predetermined concentration of each PAH;  and 3) PAH and MWCNT, identically prepared to 
“PAH only” treatments with the addition of 1.5 mg/L of suspended MWCNT. Treatments 2 and 
3 were conducted at two different concentrations for each PAH at a relative “low” and “high” 
Log Kd (i.e.  5 and 40 µg/L NAP; 10 and 100 µg/L ACE; 20 and 80 µg/L FLO; 10 and 70 µg/L 
PHEN; 2.5 and 15 µg/L ANT; 5 and 25 µg/L FLU; 2.5 and 15 µg/L PYR). Solutions for each 
treatment were tumbled in 4L amber glass containers on a rotary tumbler to reach equilibrium 
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prior to fish exposure. Water samples from each exposure were collected at the beginning and 
end of each water renewal; analysis of water samples verified the treatment PAH concentrations 
throughout duration of the exposure.  
At the end of each exposure, fish were euthanized, the gallbladder harvested, and the 
collected bile analyzed for PAH metabolites to determine the bioavailable fraction of PAH in the 
system. Due to highly efficient metabolism of PAHs by fish, the bioaccumulation potential of 
these compounds in traditionally monitored tissues such as muscles is typically low and are 
instead concentrated in the gallbladder for later excretion (Beyer et al., 2010; Bleeker & 
Verbuggen, 2009). Because most PAHs have distinct fluorometric properties, metabolites can be 
easily detected and identified at discreet excitation/emission wavelengths in complex matrices 
like bile (Beyer et al., 2010; Aas et al., 2000). Collected bile was less than 10 μl and for fish 
exposed to FLO, PHEN, ANT, FLU and PYR was initially diluted to 1:15 with Millipore Milli-Q 
water; bile from fish exposed to NAP and ACE was only diluted to 1:5 with Millipore Milli-Q 
water. Bile samples from fish exposed to NAP or ACE were further diluted with 100% MeOH to 
a final dilution of 1:50 and analyzed via an HPLC (Waters-Breeze) with a UV-fluorescence 
detector. Bile samples from fish exposed to the other five PAHs were diluted with a 50:50 
MeOH:H2O solution and analyzed in a black 96-well plate using a Molecular Devices Gemini 
fluorescence microplate reader (i.e. final dilution of bile containing metabolites of FLO or PHEN 
= 1:300; ANT or FLU = 1:200; and PYR = 1:800). The following excitation/emission 
wavelengths were used to detect NAP, ACE, FLO, PHEN, ANT, FLU and PYR metabolites, 
respectively, 276/330, 285/330, 260/310, 250/363, 252/399, 280/440, and 270/390.  
Dose-response relationships showed a linear correlation between PAH exposure and bile 
fluorescence intensity for the concentrations used (Figure C1); therefore, change in bile 
fluorescence was directly related to change in PAH bioavailability. As such, concentration of the 
PAH in the bile could be calculated as PAH equivalents using calibration curves of PAHs in the 
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same background solution used to analyze the bile fluorescence (Torreiro-Melo et al 2015). 
Calibration curves, where relative fluorescence units (RFUs) as a function of PAH concentration, 
are expressed as linear equations summarized in Appendix C (Table C1). The average bile 
fluorescence observed in fish exposed to the PAHs was corrected by subtracting the average bile 
fluorescence of the control fish from the same replicate. The corrected bile response in RFUs 
was then converted to the PAH equivalent concentration using the developed calibration curves 
and correcting for the dilutions made to analyze the samples. 
Using the PAH equivalent concentration calculated in bile samples allowed for a bile 
bioconcentration factor (BCFbile) to be established. BCFbile were calculated as the ratio between 
the concentration of PAH in the bile (PAHbile) compared to the concentration of the PAH in 
water concentration (PAHwater) as represented by the following equation (Torreiro-Melo et al., 
2015):  
                                                            (3.2) 
3.2.6 Statistical Analysis and Model Development 
 All statistical tests and model development were performed using JMP Pro 12 software, 
SAS Institute Inc. Multiple regression techniques were used to characterize the influence of PAH 
physicochemical characteristics and concentration effects on adsorption of PAHs by MWCNTs. 
Linear regression and linear squared contrasts were used to compare predicted fish responses to 
actual fish responses in bioavailability assays. Analysis of variance (ANOVA) followed by 
Student’s T test were used to compare response of fish across all treatments for a single PAH; 
linear squared contrasts were used to compare differences between treatments across the 
different PAHs. Analysis of covariance (ANCOVA) was used to assess the influence of 
categorical covariants, structure and aromatic character, on bioavailability. Two-tailed mean 
hypothesis testing was used to determine if bioavailability indices differed from 1 for each 
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PAH_MWCNT combination. Shapiro-Wilk’s test was used to test normality of bile fluorescence 
residuals; Brown and Forsythe test was used to test homogeneity of variance within treatments. 
Unless otherwise denoted, the significance level of all tests was set at 0.05. 
 Multiple linear regression techniques were used to develop a model that describes the 
relationship between bioavailability (i.e. the concentration of PAH taken up into the bile as 
compared with the total system PAH concentration) and adsorption (Log KMWCNT). Data from 
the 42 independent bioavailability assays were randomly and evenly split into a training and 
validation data set. The bioavailability model was developed from the training data set. Adaptive 
least absolute shrinkage and selection operator (A-LASSO) allowed for simultaneous estimation 
and variable selection by using a regularization parameter such that coefficients associated with 
non-informative variables are penalized and shrunk towards zero as the model is optimized. The 
advantage of A-LASSO is that by using adaptive weights to penalize coefficients differently and 
using different regularization for each coefficient, overfitting the model is avoided (Zou, 2006). 
Individual selected parameters were assessed to determine if the true coefficient was 
significantly different than zero; coefficients with a p-value less than 0.05 were considered 
significant. The degree of collinearity among the independent variables was evaluated by the 
variation inflation factor (VIF). Variables with VIF values greater than 10 were considered 
evidence of multicollinearity issues, and these variables were omitted. Correlation among the 
independent variables used in the model (i.e. multicollinearity) can lead to issues in terms of the 
values and variance associated with the estimated coefficients for each independent variable. 
Specifically, it reduces the ability to accurately determine the influences that each independent 
variable has on the dependent variable (Belsley et al., 1980).  
 Overall evaluation of the developed models and the selected variables was evaluated 
using the adjusted R-squared value, Bayesian information criterion (BIC), and K-fold cross 
validation R-squared. Smaller BIC values indicate the model that has the best balance between a 
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better fit and the number of independent variables. Adjusted R-squared also gives information on 
the best number of independent variables to use to fit the data (Anderson-Sprecher, 1994). K-fold 
cross validation involves the division of the sample set into k subsets where all but one of k 
subsets is used as training data to develop a model and predict the subset left out. The higher the 
average R-squared computed across each of these trials left out subsets indicates a higher 
prediction accuracy of the model. An additional measure of cross-validation of the model was 
done using the prediction error sum of squares (PRESS), where each data point is removed from 
the data set and then predicted using the model refitted in its absence. A change of less than 10% 
in the sum of squares (SSE) and RMSE from all the resulting prediction errors compared to the 
full models SSE and RMSE is indicative of good predicting capabilities of the full model 
(Tarpey, 2000). PRESS was also used to compare between multiple model candidates, where the 
lower PRESS values suggest higher prediction capabilities (Apul et al., 2013). The predictive 
precision of the model for the validation data set was evaluated by the correlation coefficient 
(R2) and RMSE. 
3.3 Results and Discussion 
3.3.1 Adsorption Isotherm Modeling.  
The single-solute adsorption isotherms were fit with the nonlinear isotherm models, 
Freundlich (FM), Langmuir (LM), Polyani-Manes (PMM), and dual-Langmuir models (DLM) 
(Figure 3.1). The respective fitting parameter estimates are given in Table 3.2. In most cases, all 
the nonlinear models appeared to fit the experimental data well with R2 values typically between 
0.90 and 0.98. However, it was observed that LM and DLM model estimation deviated 
substantially from the experimental data at low concentrations (Figure 3.1B and 3.1D). Given the 
deviation of LM and DLM fits of the experimental data, the adsorption process was not 
characterized by a monolayer formation on a homogenous surface (i.e., LM) and it was not 
limited to just high and low-energy adsorption sites (i.e., DLM) (Yang et al., 2006). FM and 
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PMM fits of the experimental data yielded similar R2 values that were generally higher than LM 
or DLM for all PAHs except for FLO. The slightly better fit of FLO experimental data by LM 
was not statistically different from FM or PMM fits. It is not surprising that the FM and PMM 
similarly fit the experimental adsorption data, as the models become the same with the PMM 
fitting parameter b = 1 (Yang et al., 2006). Figure 3.1A shows that the curvature of the isotherms 
is still observed even when on a logarithmic scale indicating that though the FM fits the data 
well, it oversimplifies the adsorption behavior of PAHs to MWCNTs over a wide concentration 
range (Kah et al., 2011). Similar to Yang et al. (2006), the data appear to be best fit by the PMM; 
even with three fitting parameters the PMM had lower RMSE values for all the isotherms than 











Figure 3.1. Adsorption isotherms of PAHs fit with the A) Freundlich model, B) Langmuir 
model C) Polyani-Manes model, and D) Dual-Langmuir model. Ce = the equilibrium aqueous 










Table 3.2. Fitting parameters of nonlinear models to adsorption isotherms of PAHs on MWCNT 
Freundlich Model (FM) 
 KF (mg/g)/(mg/L)
1/n       1/n RMSE R2 
naphthalene 51.19±6.70   0.70±0.07 1.24 0.976 
acenaphthene 20.79±1.12   0.50±0.022 0.215 0.996 
fluorene 18.31±2.90   0.53±0.068 0.494 0.975 
phenanthrene 38.87±3.87   0.533±0.036 0.586 0.982 
anthracene 34.27±8.766   0.479±0.0599 0.424 0.966 
fluoranthene 74.98±13.82   0.489±0.0665 2.17 0.950 
pyrene 65.89±20.53   0.444±0.086 1.96 0.933 
Langmuir Model (LM) 
       qmax         KL RMSE R2 
naphthalene 43.69±14.17   3.14±1.63 1.49 0.970 
acenaphthene 12.22±1.75   13.27±4.20 0.597 0.981 
fluorene 10.13±1.43   13.10±4.28 0.438 0.984 
phenanthrene 19.53±3.57   14.703±5.305 1.14 0.951 
anthracene 7.36±0.906   126.57±40.513 0.436 0.962 
fluoranthene 33.94±7.08   24.13±12.6 3.18 0.909 
pyrene 19.7±4.47   101.297±73.42 2.86 0.868 
Polyani-Manes Model (PMM) 
  Log qmax         a        b  RMSE R2 
naphthalene 4.44±4.7 -0.33±1.45 0.51±0.66  0.054 0.977 
acenaphthene 1.11±0.24 -1.06e-4±3.65e-4 1.929±0.672  0.088 0.975 
fluorene 0.995±0.4 -1.47e-4±8.68e-4 1.9±1.18  0.171 0.976 
phenanthrene 1.71±0.34 -0.035±0.050 0.842±0.27  0.048 0.983 
anthracene 0.799±0.06 -1.36e-3±1.27e-3 1.523±0.20  0.056 0.968 
fluoranthene 1.53±0.112 -7.78e-3±9.3e-3 1.11±0.25  0.066 0.943 
pyrene 1.21±0.102 -1.38e-4±3.10e-4 1.973±0.479  0.105 0.867 
Dual Langmuir Model (LM) 
    Qmax1      KL1    Qmax2 KL2 RMSE R2 
naphthalene 73.7±101.3 1.29±2.53 1.40±2.91 -2.66e6±1.08e11 1.64 0.970 
acenaphthene 13.36±2.7 8.254±4.62 0.7532±0.755 -2.66e6±8.13e9 0.514 0.930 
fluorene 10.51±2.3 0.01±7.34e-3 0.345±0.956 -2.66e6±3.31e10 0.527 0.973 
phenanthrene 31.21±13.5 4.53±3.27 1.897±0.81 -2.66e6±3.74e9 0.584 0.958 
anthracene 7.46±1.3 106.37±87.54 0.22±1.18 -7.42e5±6.28e8 0.301 0.902 
fluoranthene 61.75±57.3 5.024±7.64 4.178±3.15 -2.66e6±4.33e9 3.024 0.924 
pyrene 80.18±328.3 4.58±23.558 3.13±2.89 -2.66e6±1.64e9 3.257 0.906 
 
It has been suggested that the PMM is appropriate for describing both pore filling and 
adsorption to the surface of MWCNTs, which is supported by both FM and PMM fitting the 
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experimental data well (Yang et al., 2006). Commonly, a correlation curve has been used to 
assess the ability of PMM to describe the adsorption process, where adsorbed volume (qv) is 
plotted as a function of adsorption potential that has been normalized by the adsorbate’s molar 
volume (Єsw/Vs). For a single adsorbent, correlation curves should be the same for all adsorbates 
under the assumptions i) adsorption sites are accessible to all the adsorbates such that no 
molecular sieving is occurring and ii) only the adsorbates’ molar volume will affect adsorption 
irrespective of other physicochemical properties (Yang et al., 2006; Yang and Xing, 2010). The 
correlation curves of NAP and ANT significantly deviated from those of ACE, FLO, PHEN, 
FLU and PYR, which largely fell on a single curve (Figure 3.2). This indicates that though size 
of the adsorbate molecules is important in influencing adsorption, it does not fully describe the 
differences in adsorption behavior between the different PAHs. In an attempt to collapse the 
correlation curves onto a single line, normalizing factors related to the adsorbate’s properties 
such as polarizability, hydrogen bond donating or accepting, etc. have been used to adjust or 
replace the molar volume term (Manes et al. 1998; Crittenden et al. 1999). In many cases even 
such adjusting factors were not enough to obtain a single correlation curve (Yang and Xing, 
2010). Similarly, the correlation curves of the PAHs in the study could not be collapsed onto a 
single line by adjusting molar volume nor normalizing the adsorption potential with the PAHs 
physicochemical properties such as H-bond accepting, polarizability, refractive index, etc (data 




Figure 3.2. Correlation Curve of PAHs adsorbed to MWCNTs. qv = the adsorbed volume of 
PAH and Єsw/Vs  = adsorption potential normalized by PAH molecular volume. 
 
The fitting parameters of the PMM influence the shape of the isotherms and can provide 
some insight into the observed adsorption behavior (Yang and Xing, 2010) (Table 3.1). The 
maximum adsorption capacity of the adsorbent, represented by Log qmax, is related to the 
adsorbent’s properties and the available adsorption sites. The fitting parameter b has been 
suggested to relate to adsorption potential energy and describe the distribution of adsorption site 
energy (Yang and Xing, 2010). Adsorption potential, the energy required to remove the 
adsorbate from the attractive forces of the adsorbent’s surface, is related to the distance of the 
adsorbate from the adsorbent surface and access to adsorption sites (Kah et al., 2011; Yang et al., 
2006). The curvature of adsorption isotherms increase as the value of b increases beyond 1 and 
has been suggested to describe the transition of sorption occurring at a greater fraction of high 
energy adsorption sites compared to a greater fraction of adsorption occurring at the low energy 
sites (Yang and Xing, 2010). When b=1 the log-log plot of the adsorption isotherms is linear and 
the PMM becomes the same as the FM. Available adsorption space and ability of adsorbates to 
access the adsorption sites can be variable due to differences in adsorbate size and molecular 
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configuration (Yang and Xing, 2010; Apul et al., 2013). NAP had the highest Log qmax (4.44) and 
lowest b value (0.51), supporting previous findings that the small size of NAP allowed it to better 
access high energy adsorption sites at higher equilibrium concentrations than other larger PAHs 
and indicated a pore filling mechanism (Wang et al., 2014; Sun et al. 2013). While there was no 
apparent correlation between fitting parameter b and the PAHs’ physicochemical properties, b 
values were above 1 for all the PAHs except NAP and PHEN. The higher b values of ~ 2 for 
ACE, FLO and PYR, indicated lower adsorption energy and a decrease in adsorption at higher 
equilibrium concentrations (Yang and Xing, 2010). It may be that the bulkiness of PYR and the 
presence of non-aromatic rings in ACE and FLO affected the ability of these PAHs to access the 
adsorption space at the MWCNT’s surface as well as the other PAHs (Yang and Xing, 2010; 
Bjork et al., 2010), although this needs to be further investigated. Due to the apparent difference 
in adsorption mechanisms NAP undergoes compared with the other PAHs, NAP adsorption data 
were excluded when assessing relationships between Log qmax and PAHs physicochemical 
characteristics. Unlike Yang et al. (2006), no correlation was observed between PAH molecular 
size (Å3) or surface area and Log qmax, although a positive correlation did exist between PAH 
bulk molar volume (cm3/mol) and Log qmax (R
2 = 0.85). This may indicate a difference between 
the adsorbed phase and the respective bulk phase influenced adsorbed capacity (Yang et al., 
2006). Both size and configuration of molecules influence their solid-phase density and as such 
they may orientate differently when in adsorbed phase vs bulk phase (Yang and Xing, 2010). 
Further, solubility can also influence adsorption capacity and cause isotherm curvature (Kah et 
al., 2011). This is likely why ANT had the lowest Log qmax; of the PAHs studied, ANT had the 
lowest solubility of 45µg/L, which was quickly approached in the adsorption isotherms. Overall, 
assessment of the PMM model fitting suggests that isotherm curvature represented by the fitting 
parameter b, appears to be influenced by a combination of molecular size, configuration and the 
differences in bulk phase vs adsorbed phase.  
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3.3.2 Adsorption Mechanisms.  
In Figure 3.3, single point adsorption descriptors (Kd) decreased with increasing 
equilibrium concentrations (Ce) further indicating a heterogenous adsorption process where the 
high energy sites were occupied first with strong affinity (Wang et al., 2014). Although Wang et 
al. (2014) observed that the equilibrium concentration (Ce) at which the isotherm transitioned 
from linear to nonlinear was related to a “turning point”, where single point Kd values ceased to 
increase with increasing Ce, this was not observed in the present study. However, the residuals of 
actual qe plotted against model predicted qe became significantly larger and more varied after 
surpassing 10 µg PAH/mg MWCNT (Figure 3.4A). A similar trend was observed when the 
residuals were plotted against the estimated % surface area coverage of MWCNT by the PAH 
molecules, where there appeared to be a distinct threshold and the variation in residuals 
drastically increased after 50% surface area coverage had been reached (Figure 3.4B). Surface 
area coverage (%) was calculated assuming flat surface adsorption and the formation of a 
monolayer using the BET measured surface area of the MWCNTs (98m2/g) and the PAHs’ 
molecular area (Table A1). When the residuals were plotted against equilibrium concentration on 
a mass basis and as the concentration related to the PAHs water solubility, no trend or apparent 
threshold in residual variability was observed (Figure 3.4C and 3.4D). This suggests that the 
deviation of the model fit is related to the amount of PAH adsorbed as it relates to surface area 




Figure 3.3. The relationship between single point adsorption descriptors (Kd) with the 
equilibrium concentration (Ce) of the PAHs by MWCNTs in log-log plot.  
 
   
   
Figure 3.4. Residuals of predicted qe vs actual qe. Residuals are plotted against (A) adsorbed 
concentration (qe), (B) % surface area coverage, (C) equilibrium concentration (Ce) and (D) 
relative solute concentrations (Ce/Cs) where Cs is the water solubility of individual PAHs. The 
red lines represent the apparent threshold where residual variation increases.  
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Adsorption isotherm curvature was further investigated by fitting the isotherms with the 
Freundlich model in two stages, above and below the isotherm transition point. In contrast to 
findings by Wang et al. (2014), there was little observed change in the model fit or the model 
parameters, indicating that the adsorption affinity above and below the point of isotherm 
curvature was not significantly different. The fitting parameters and goodness of fit of FM above 
and below the transition point are summarized in Appendix D, Table D1. The one exception is 
that the Freundlich 1/n value significantly decreased from the first stage of adsorption to the 
second stage (from 0.88 to 0. 45; p-value = 0.0355) for ANT. Although Wang et al. (2014) 
attributed the change in FM 1/n value to a change in surface heterogeneity of the adsorbent due 
to adsorption of a greater concentration of the PAH, in this case it is more likely a product of the 
solubility limit being reached (Kah et al., 2011). ANCOVA was used to compare the isotherms 
of the different PAHs in log-log plots above and below the isotherm curvature point. Adsorption 
isotherms below the isotherm transition point were linear and had significantly different 
intercepts (p-value < 0.0001), although the slopes were the same indicating a similar adsorption 
mechanism for all the PAHs before the transition point. Above the transition point, only the 
isotherm of NAP had a distinctly different slope (p-value: 0.0360) compared with the other 
PAHs, where adsorption of NAP remained relatively linear while the other PAH isotherms 
became nonlinear. This supports that most of the PAHs are undergoing the same adsorption 
process, likely surface adsorption, while NAP may also be undergoing pore filling (Wang et al., 
2014; Sun et al; Yang et al., 2006).  
Regression analysis was used to assess the relationship of the isotherm transition point as 
a function of Freundlich model fitting parameters and PAH physicochemical characteristics. Due 
to the high adsorption capacity (KF value), of the smallest PAH, NAP, there was not a well-
defined correlation between KF values and the equilibrium concentration at the transition point 
(Ce). However, the Freundlich exponent (1/n) was positively correlated with the equilibrium 
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concentration (Ce) at the isotherm transition point (R
2 = 0.68; p-value = 0.0234) and negatively 
correlated with PAH molecular surface area (R2 = 0.76; p-value = 0.011). Additionally, the 
equilibrium concentration at which the isotherms changed slope was strongly correlated (R2 = 
0.93) with PAHs molecular surface area, where the smaller the molecule surface area the greater 
the concentration reached before the isotherm curvature point (Figure 3.5.A). The positive 
correlation between the adsorption descriptor calculated at the transition point (i.e. Log Kd) and 
molecular surface area, indicates that the PAH molecules have the same face-to face attachment 
orientation on the surface of MWCNT (Figure 3.5.B). As such, the larger molecules have a 
higher volume adsorption capacity and greater surface area coverage than the smaller molecules 
(Yang and Xing 2010). The relationship of the isotherm transition point with the FM fitting 
parameters indicates that though the adsorption sites were more heterogenous for the larger 
molecules, a greater equilibrium concentration was reached before the isotherm transitions to 
nonlinear for smaller molecules. Overall, the transition from linear to nonlinear adsorption is 
attributed to a concentration effect largely due to surface area coverage, where the high energy 
adsorption sites become saturated first (Yang and Xing, 2010; Wang et al., 2014). It is important 
to note that molecular size, configuration and solubility likely influence how PAHs adsorb and 




Figure 3.5. The relationship between PAH molecular surface area and (A) the equilibrium 
concentration and (B) calculated adsorption descriptor (Log Kd) at the isotherm curvature 
point.  
 
3.3.3 Influence of Adsorbate Properties on Adsorption.  
Multiple linear regression was used to initially assess the relationship between single 
point adsorption descriptors (Kd) and PAH physicochemical characteristics. The surface area 
coverage effect was taken into consideration by assessing this relationship at Kd values above 
and below the isotherm curvature point at ~10% and ~40% surface area coverage, respectively. 
In general, there was a stronger correlation observed between Log Kd values and the PAH’s 
physicochemical characteristics at lower surface area coverage (Figure 3.6). At low surface area 
coverage, Log Kd was significantly influenced (i.e. p-value <0.05) by PAH physicochemical 
characteristics in the following order: resonance energy > hydrophobicity (Log Kow) > molecular 
surface area > polarizability ≥ HOMO-LUMO gap at low coverage with correlation coefficients 
(R2) of 0.88, 0.81, 0.74, 0.65, and 0.63 respectively. At higher surface area coverage, resonance 
energy, hydrophobicity, and molecular surface area were still significant factors contributing to 
adsorption, but with lower correlation coefficients (R2) of 0.77, 0.62, and 0.54, respectively. 
There is no longer a significant correlation between polarizability nor HOMO-LUMO gap and 
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Log Kd. Polarizability of PAHs gives an indication of π-electron density (Zhu et al., 2005) while 
HOMO-LUMO gap of PAHs gives an indication of molecular stability due to electron 
delocalization, a product of molecular structure and aromatic character (Aihara, 1999; Ruiz-
Morlaes, 2002; Ormsby and King, 2004). Yang and Xing (2010) have previously suggested that 
interactions between CNTs and PAHs beyond hydrophobic effects are responsible for a 
nonlinear isotherm. It may be that at lower concentrations or surface area coverage of MWCNT 
surface by PAHs, the specific interactions between the PAH molecules and MWCNT surface are 
more influential in the adsorption process, whereas when adsorption sites begin to be filled at 
higher concentrations and adsorption affinity is lower, nonspecific hydrophobic effects become 





Figure 3.6. The relationship between single point adsorption descriptors (Kd) and PAH 
physicochemical characteristics. This is shown at ~ 10% (filled squares; solid line) and ~40% 
(X; dashed line) surface area coverage. 
 
The hydrophobic effect was suppressed by expressing the equilibrium concentration (Ce) 
in the adsorption isotherms as the equivalent concentration that would exist in an inert solvent 
(i.e. Cow) where Cow = Ce*Kow (Kow = octanol-water partitioning coefficient) (Brooks et al., 
2012). This normalized differences in PAH’s water solubility and hydrophobicity that can 
influence their interaction with the adsorbent surface (Brook et al., 2012). Except for NAP, the 
adsorption isotherms of the other PAHs largely collapsed onto a single line, confirming the 
hydrophobic interactions were a main mechanism driving adsorption of PAHs by MWCNTs 
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(Figure 3.7). The greater adsorption of NAP, once normalized, compared with the other PAHs, 
support previous findings that the adsorption of NAP by MWCNTs is likely undergoing an 
additional interaction with the MWCNT, such as pore filling (Sun et al. 2013, Brooks et al., 
2012; Wang et al., 2014; Yang et al., 2006).  
 
Figure 3.7.  Log-log plot of PAH adsorption by MWCNT as a function of equilibrium 
concentration normalized for hydrophobicity. The equilibrium concentration has been 
normalized for hydrophobic effect as follows: Cow = Ce*Kow (Ce = aqueous equilibrium 
concentration; Kow = octanol-water partitioning coefficient). 
 
To further investigate the influence the PAH’s morphology on surface adsorption to 
MWCNT, ANCOVA was used to compare the hydrophobic effect normalized adsorption 
isotherms in log-log form, where the covariants were structure (i.e. linear vs nonlinear vs 
clustered) and aromatic character (i.e. alternate and non-alternate PAHs where non-alternate is 
defined as PAHs having a non-aromatic ring present in the structure). NAP was not included in 
this analysis as it was apparent that NAP was not just undergoing surface adsorption like the 
other PAHs. In terms of structure, “linear” PAHs were specifically represented by FLO and 
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ANT, “non-linear” represented by ACE and PHEN, and “clustered” represented by FLU and 
PYR. Both structure and aromatic character appeared to be significantly influential on adsorption 
of PAHs by MWCNT (p-value = 0.0007 and 0.0003, respectively). By analyzing the influence of 
structure on alternate and non-alternate PAH groupings separately, it became clear that for 
alternate PAHs, the apparent influence of structure was actually due to the number of aromatic 
rings present (p-value 0.021), where adsorption increased with increasing number of aromatic 
rings. For non-alternate PAHs, the number of aromatic rings was not a significant factor, though 
structure was (p-value 0.0118). Comparison between similarly structured PAHs with the same 
number of rings, showed that alternate PAHs had a greater adsorption at the same equilibrium 
concentration than non-alternate PAHs (p-value = 0.0017). However, this trend was only 
significantly observed at a 0.05 alpha value for linear PAHs (0.0069), although at a 0.1 alpha 
value it was also observed for the non-linear and clustered PAHs (p-value = 0.081 and 0.0874, 
respectively). This is attributed to the linear non-alternate PAH, FLO, having a non-aromatic ring 
separating the aromatic rings preventing any cycling of electrons, whereas the non-alternate non-
linear and clustered PAHs, ACE and FLU, respectively, both had two aromatic rings side by side 
in the structure allowing for some electron cycling and increased stability which led to similar 
adsorption (Aihara, 1999; Krygowski and Ciesielski, 1995; Suresh and Gadre 1999). Overall, 
adsorption of PAHs by MWCNTs increased as the number of un-interrupted aromatic rings 
present increased (p-value < .0001), demonstrating that adsorption was largely driven by the 
molecule’s π system and degree of electron delocalization (Pan and Xing, 2008; Apul and 
Karanfil, 2015; Keiluweit and Kleber, 2009). In non-alternate PAHs, the degree to which the 
five-membered ring disrupts or alters the cyclic conjugation of delocalized electrons depends on 
the molecule’s topography and how the six-membered aromatic ring are connected (Gutman et 
al., 2009). As such, it is not surprising that the impact of structure on the molecule’s stability and 
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π-π interactions with the MWCNT surface was greater for non-alternate PAHs than alternate 
ones.  
3.3.4 Linear Free Energy Relationship (LFER) 
A number of studies have successfully characterized and predicted adsorption of organic 
contaminants to CNTs by using quantitative activity structure relationships (QSAR), linear 
solvation energy relationships (LSER), or linear free energy relationships (LFERs). These 
techniques are advantageous in having input parameters that are related to the adsorbates’ 
physicochemical characteristics that are easier to obtain than the input parameters required for 
thermodynamic models (Apul et al., 2012). LFER and LSER model parameters are based on the 
molecular interactions occurring during adsorption between the adsorbate and the adsorbent 
surface, thus giving insight into the relative contribution of four types of molecular interactions, 
i.e. London dispersion, hydrogen-bond acidity and basicity, polarizability, and molecular force of 
lone-pair electrons (Xia et al., 2010). However, LSER and LFER models are concentration 
dependent due to the change in adsorption with increasing equilibrium concentration, so the 
predictive models have to be developed for discreet concentration ranges where the adsorption 
isotherm is linear (Zhao et al., 2014; Apul et al. 2012). As such, the number of data points (i.e. n) 
used to develop the predictive models depended on the number of Log Kd values that fell on the 
line about the mean of Log K0.01 and Log K0.1. For this study, multiple linear regression of LFER 
descriptors [r, p, b, v] against the Log Kd values, showed that with the inclusion of all the 
parameters, none of the parameters were considered statistically significant at an alpha value of 
0.05. Further multicollinearity issues existed where VIF values were greater than 10 for R, 
representative of lone-pair electron molecular force, and β, adsorbate hydrogen bond basicity 
(Xia et al., 2010). Therefore, only the estimates for descriptors [p, b, v] were included in the 
fitting of LFER models with Log Kd. The JMP outputs, ANOVA and parameter estimates for the 
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LFER models are provided in Appendix E. Below the fitting equations to the training set of Log 
K0.01 and Log K0.1 are presented. 
Log K0.01 = (0.20±0.84) + (0.13±0.03) p + (9.16±2.84) b – (0.02±0.010) v             (3.3) 
(n = 14; R2 = 0.86) 
 
Log K0.1 = (0.83±0.71) + (0.13±0.02) p + (7.79±2.22) b – (0.02±0.005) v             (3.4) 
         (n = 16; R2 = 0.80) 
 
The b term, hydrogen bond accepting, was the most influential descriptor in the LFER 
equation, possibly indicating that the tendency of the MWCNT to donate protons to the PAHs is 
greater than that of water (Xia et al., 2010; Zhao et al., 2014). The potential of PAHs to form a 
hydrogen bond with MWCNT is largely dependent on the oxidation of MWCNTs surface and 
the solution pH; with changing pH, oxidized MWCNTs can become a hydrogen bond donor 
(Apul and Karanfil, 2015; Schwarzenbach et al., 2003). The second most significant term is 
polarizability; the positive correlation indicates the importance of π-π interactions between the 
PAHs and MWCNT (Xia et al., 2010). Surprisingly, molar volume was the least influential term 
though it has commonly been found to be the most influential descriptor in LSER models (Apul 
et al., 2012; Xia et al., 2010; Zhao et al., 2014), and was negatively correlated with adsorption. 
Further, molar volume was only a statistically significant term for Log K0.1 at the 95% level of 
significance. This may indicate that hydrophobic effects, represented by V, are more important in 
the adsorption process at higher concentrations where the available adsorption sites have a lower 
energy and competition with other molecules for the available adsorption sites becomes greater 
(Yang and Xing, 2010; Wang et al., 2014).  
To investigate the influence of PAH physical characteristics, such as structure (i.e. linear 
vs nonlinear vs clustered) and aromatic character (i.e. alternate vs non-alternate), the developed 
LFER models were modified by including these categorical terms in the models. The addition of 
the aromatic character term did not improve the model predictability at either concentration.  On 
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the other hand, at both concentrations (i.e. Log K0.01 and Log K0.1) the correlation coefficient 
significantly increased with the addition of a structure term (R2 = 0.97 and 0.95, respectively). 
The fitting equations of the modified models for the training set of Log K0.01 and Log K0.1 are 
presented below. JMP output results are in Appendix E. 
Log K0.01 = (1.81±0.71) + (0.11±0.02) p + (7.03±1.63) b –  
(0.02±0.007) v + Match (St)                                            (3.5) 
(n = 14; R2 = 0.97) 
 
Log K0.1 = (1.76±0.60) + (0.09±0.02) p + (8.18±1.23) b –  
(0.02±0.006) v + Match (St)                                            (3.6) 
(n = 17; R2 = 0.95) 
 
Structure (St) of the PAHs became the second most significant term in the modified 
model after hydrogen bond accepting capability.  In particular, clustered PAHs had the strongest 
adsorption, although this is likely due to the “clustered” PAHs also being the most hydrophobic 
with the most benzene rings in this set of data. This also suggests that PYR and FLU “bulkiness” 
does not inhibit adsorption by MWCNT. Additional studies with larger PAHs would be 
necessary to see whether there is a threshold of molecule “bulkiness” that would be too great for 
the attractive forces between the PAH and the MWCNT surface to overcome, thus leading to 
adsorption inhibition. Another difference in the modified model 3 is that the molecular volume 
term is now significantly different than zero at the 95% significance level (p-value = 0.021) 
though it was still negatively correlated with the adsorption descriptor. This conflicts with 
previously established studies and may indicate that for PAHs, specific interactions with the 
MWCNT surface beyond hydrophobic effects are important drivers of adsorption (Apul et al., 
2012; Xia et al., 2010). The PRESS value for the modified LFER models also became lower than 
the original models (i.e. 1.46 and 0.6 for Log K0.01 and Log K0.1, respectively), indicating that by 
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including a PAH structure term the model predictability increased. Each of the above described 
models was externally validated by plotting the predicted Log K values obtained from the 
models against the experimentally obtained Log K values independently measured from the 
bioavailability assays (Figure 3.8). For the original (i.e. model 3.3 & 3.4) and the modified (i.e. 
model 3.5 & 3.6) LFER models, Log K0.01 and Log K0.1 values were plotted on the same figure to 
show the distribution around the prediction line at the two different concentrations tested (Figure 
3.8). Prediction accuracy was good for all the models, although there was a more even 
distribution of the compounds around the prediction line for the modified LFER model (Figure 
3.8.B) compared with the original LFER model fits, where more distinct clusters of points 
seemed to occur. It is important to note that the limited amount of data input and by using 
compounds all from the same class with a narrow range of descriptors used, the relative 
significance of each descriptor in the developed LFER models may be affected. As such, the 
results from the presented LFER models should be considered cautiously. From previous data 
analysis of adsorption isotherms and findings from many other studies, it is clear that molar 
volume is highly influential on the adsorption process of organic molecules by MWCNT. For 
future analysis of these data using LFERs it would be better to incorporate a larger and wider 
range of data. Finally, while the incorporation of a structure term may not be beneficial in 
predicting the adsorption of other organic compounds by MWCNT, the modified LFER models 
did provide insight into how the physical morphology of planar molecules may influence the 




Figure 3.8. Plot of experimental training and external validation single point adsorption 
descriptors (Log Kd) against predicted values from developed LFER models. Data from Log 
K0.01 and Log K0.1 are plotted together where (A) is the original LFER models (i.e. eqns 3.3 & 
3.4) and (B) is the modified LFER models (i.e. eqns 3.5 & 3.6).  
 
3.3.5 Bioavailability of PAHs adsorbed to MWCNT. 
P. promelas response, represented by bile fluorescence, was non-normal and had unequal 
variances in the raw data. Several transformations of the data were tried, showing similar trends 
regardless of how it was transformed enhancing confidence in the observed trends and indicating 
that statistically significant trends observed were not just a product of the transformation process. 
Log transformation was the mildest transformation that stabilized the normality and variance 
issues.  Log transformed bile fluorescence data are depicted in Figure 3.9. The fish were exposed 
to two different concentrations of PAHs with the same concentration of ~1.5 mg/L MWCNT, to 
account for the observed concentration effect on the adsorption process. The “low” and “high” 
concentration selected for each PAH were approximately an order of magnitude different, where 
the “low” concentration corresponded with the larger Log Kd values obtained in the experimental 
adsorption isotherms, and the “high” concentration corresponded with the smaller Log Kd values. 
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The average Log Kd values calculated using the measured aqueous (Ce) and adsorbed (qe) 
concentrations from the exposure treatments are listed in Table 3.3 along with the average 
measured and predicted response in bile fluorescence (RFUs). 
 
Figure 3.9. Response of P. promelas in PAH bioavailability assays with and without 
MWCNT present. Mean bile fluorescence (Log RFUs) of fish in response to the following 
treatments: control, PAH at low concentration, PAH at low concentration with MWCNT, PAH at 
high concentration, and PAH at high concentration with MWCNT was compared. Error bars 
represent the standard deviation about the mean. Within each PAH, levels not connected by the 
same letter are significantly different based on Student’s T test and least squared means (p-value 
< 0.05).  
 
The response of fish in the PAH only treatments was dose-dependent and for all of the 
PAHs fell within the 95% confidence envelope of the prepared dose-responses (Figure C1). At 
the “low” PAH-spiked treatments there was a decrease in response of P. promelas to most of the 
PAHs due to the presence of MWCNT. Compared with responses in the PAH only treatments, 
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the reduction in response to MWCNT-adsorbed FLO was not statistically significant; for NAP, 
ACE and PHEN the response reduction was significant at an alpha level of 0.1 (i.e. p-value = 
0.09, 0.06, and 0.07, respectively); and for ANT, FLU and PYR the reduction was statistically 
significant at a 95% confidence level (i.e. p-value = 0.018, 0.01, and 0.004, respectively). At the 
higher PAH concentration, MWCNT still significantly reduced the bioavailability of FLU and 
PYR at a 0.05 significance level (i.e. p-value = 0.001 and 0.006, respectively), while ACE and 
ANT were only significantly reduced at a 0.1 alpha value (i.e. p-value = 0.06 and 0.09, 
respectively). However, when spiked at a “high” concentration, the bioavailability of NAP, FLO 
and PHEN in treatments with MWCNT was not significantly different from the PAH only 
treatments.  
The response of P. promelas, in MWCNT treatments, was predicted using the established 
dose-response relationships and the aqueous PAH concentration measured in the bioavailability 
assays. T-tests were used to compare the predicted and actual response of the fish; the difference 
and associated p-values are presented in Table 3.3. At the “low” concentration, there was no 
significant difference between the observed bile fluorescence and the predicted response, 
indicating that the response, at this concentration range, appeared to be strongly associated with 
the un-adsorbed/ aqueous concentration of PAH left in the system. Similarly, at the “high” 
concentration, the predicted response and actual response of fish to ANT, FLU and PYR in 
MWCNT treatments was not significantly different. However, at the “high” concentration, the 
predicted response of fish exposed to NAP, ACE, FLO and PHEN was significantly different 
than the actual response, indicating that the equilibrium concentration (Ce) measured in the water 
was not an accurate estimate of the bioavailable fraction for these PAHs (Table 3.3). This is 
attributed to opposing forces of both the concentration effect on adsorption affinity and the 
strength of specific molecular interactions between individual PAHs and the MWCNT surface 
(Wang et al., 2014; Xia et al., 2010). PAHs that have a greater interaction with MWCNT, such as 
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ANT, FLU and PYR, seemed to be able to overcome the concentration effect on adsorption 
affinity and the bioavailable fraction was still well described by the aqueous PAH concentration 
even at higher equilibrium concentrations.  
In general, the degree of change in bioavailability of PAHs due to the presence of 
MWCNT did decrease as adsorption affinity decreased (i.e. exposure Log Kd). With the 
exception of ACE at the “high” concentration, there appeared to be little influence of MWCNT 
on PAH bioavailability when the corresponding exposure Log Kd was less than or approximately 
equal to 2. For PAHs that maintained a Log Kd greater than 3 in exposures, the reduction in 
bioavailability due to the presence of MWCNT was statistically significant at the 95% 
confidence level and the measured response was directly correlated with the aqueous PAH 
concentration. This may indicate that there is an adsorption affinity “threshold”; when values are 
at or above this value, the bioavailable fraction of the MWCNT adsorbed molecules can be 
accurately represented by the un-adsorbed/aqueous concentration in the system (Voutsas et al., 
2002; Peterson et al., 2009).  Interestingly, at the “low” concentration exposures, bioavailability 
of PAHs in MWCNT treatments were all reduced to some extent as long as the exposure Log Kd 
value was greater than the Log Kd value associated with the isotherm transition point. This 
further supports that the influence of MWCNT on bioavailability becomes limited once the 
adsorption process transitions from linear to nonlinear. This is attributed to a decrease in 
adsorption affinity due to the decrease in the number and energy level of available adsorption 
sites with increasing concentration (Wang et al., 2014). Similarly, if the attachment orientation of 
molecules change from planar to end by end to access the decreasing number of sites at higher 
equilibrium concentrations, the strength of their interaction with the MWCNT surface will 
change (Zhao et al., 2014, Xia et al., 2010). This change in adsorption strength and attachment 
orientation may allow for easier desorption of the PAHs as they pass through the organism’s gut 
tract.  
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Table 3.3. Actual and predicted responses in RFUs ± 95% confidence interval for P. promelas in 





(RFUs ± CI) 
Predicted Responsea 






NAPlow_MWCNT 2.53 4967±96 7102±4211 -2135±7494 0.56 
NAPhigh_MWCNT 1.96 93773±195 63365±5929 30408±11849 <.0001* 
ACElow_MWCNT 2.42 95567±73306 139744±88282 -44177±686756 0.89 
ACEhigh_MWCNT 1.85 1401380±26905 3166715±1047998 -1765334±686756 0.0001* 
FLOlow_MWCNT 2.01 33167±4704 5000±825 -1683±2626 0.19 
FLOhigh_MWCNT 1.71 13350±1287 17383±2600 -4033±2626 0.006* 
PHENlow_MWCNT 2.98 1768±658 2340±434 -572±1132 0.31 
PHENhigh_MWCNT 2.14 4540±2004 6331±3186 -1791±1729 0.04* 
ANTlow_MWCNT 3.11 3893±2627 4427±1729 -534±1679 0.52 
ANThigh_MWCNT 2.62 8102±4278 9952±299 -1849±2374 0.12 
FLUlow_MWCNT 3.67 1370±262 1423±237 -53±276 0.70 
FLUhigh_MWCNT 2.89 1988±363 2141±129 -153±218 0.17 
PYRlow_MWCNT 4.22 318±60 54±18 263±1008 0.58 
PYRhigh_MWCNT 3.10 1526±1060 2477±781 -951±1008 0.06 
aPredicted responses were determined given the measured aqueous PAH concentration and the 
established dose-response relationships (Figure C1).  
*Difference between actual and predicted response is significantly different (α=0.05) 
 
 
3.3.6 Characterizing the Relationship Between Bioavailability and Adsorption. 
To assess the bioavailability of MWCNT-adsorbed PAHs as a function of adsorption 
behavior and PAH physicochemical characteristics, a bioavailability index was developed 
(Linard et al., 2017). This normalized the change in response, representative of bioavailability, 
by the change in PAH concentration in the system, thus allowing comparisons to be made across 
the different PAHs.  The bioavailability index (BI) was calculated for each exposure using 
equation 2.2 and depicted in Figure 3.10.  
                                                     (2.2) 
Where ResponsePAH = bile fluorescent intensity measured in fish from PAH-spiked treatments 
containing only the background solution (i.e. positive control), ΔResponse = difference in bile 
fluorescent intensity measured in fish between PAH-spiked treatments with and without the 
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MWCNTs present, C0 = original concentration of PAH spiked into the system, and ΔC = change 
in aqueous concentration of PAH left in the system after adsorption equilibrium was reached 
with MWCNT.  
Two-tailed mean hypothesis testing showed that, with the exception of FLO, the 
bioavailability indices at the “low” PAH concentration treatments were statistically similar 
across all PAHs and not significantly different from 1, where BI =1 is indicative of the change in 
response mimicking the change in PAH water concentration. In the “high” PAH concentration 
treatments, NAP BI was significantly lower than 1 (p-value = 0.018), suggesting an enhancement 
of bioavailability beyond the equilibrium concentration. It may be that the pore-filling 
mechanism of NAP has opposing effects on bioavailability of adsorbed NAP; i) at low 
concentrations NAP molecules adsorbed into the pores of MWCNT are not bioaccessible to 
solubilizing compounds in the organism’s gut tract whereas ii) at higher concentrations, when 
NAP molecules are primarily adsorbing to the surface of the MWCNT, NAP easily desorbs 
when ingested (Wang et al., 2011; Maldonao-Valderrama et al., 2011). Additionally, the BI 
index of both ACE and FLO at the “higher” concentration treatments were also significantly 
greater than 1 (i.e. p-value <.0001 and 0.041, respectively). While this suggests that the change 
in bioavailability was greater than the observed change in aqueous concentration of the PAHs, it 
is important to note that variance of BI across the different PAHs was not equal. Variance in BI 
for individual PAHs decreased with increasing Log Kd (R
2 = 0.73, p-value = 0.003), where the 
smaller PAHs with lower adsorption affinities (i.e. NAP, ACE, and FLO) generally had the 
largest variation in response. This further supports previously reported findings that the accuracy 
in which the un-adsorbed concentration of PAH in the system also describes the bioavailable 
fraction was related to the strength of the interaction between the PAH and adsorbent.  
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Figure 3.10. Comparison of bioavailability index across all PAHs at the “low” and “high” 
concentrations. Error bars represent the standard deviation of the mean and levels not connected 
by the same letter are statistically different based on Student’s T test and least squared means (p-
value < 0.05).  
 
Regression analysis was used to assess the relationship between BI and adsorption 
isotherm parameters from the Freundlich (FM) and Polyani Manes (PMM) models. In most cases 
the correlations between BI and the model parameters were weak and provided limited insight 
into the relationship between bioavailability and adsorption behavior. However, there was a 
significant negative correlation between FM 1/n values and % response reduction (i.e. p-value = 
0.0177) that became stronger at higher concentrations (i.e. R2 = 0.84, p-value = 0.0004). A box 
and whisker plot is depicted in Figure 3.11 to show the relative trend of decreasing % response 
reduction across all concentrations with increasing 1/n values. Exposure to NAP had the highest 
variation due to the drastically different response by fish in the low and high concentration 
exposures and was the cause of unequal variances when comparing % response reduction across 
all the PAHs. Exclusion of NAP bioavailability data, showed a stronger negative correlation 
between % response reduction and 1/n values (p-value = 0.009). This, in conjunction with the 
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observed negative correlation between adsorption (i.e. Log Kd) and 1/n values (p-value = 
0.0138), indicates that the influence of MWCNT on the bioavailability of adsorbed PAHs was 
related to surface heterogeneity and strength of interaction. FM 1/n values have been considered 
representative of adsorption intensity, where the lower the value the greater the surface 
heterogeneity and the higher the adsorption energy (Brooks et al., 2012; Zhu et al., 2005). As 
such, weaker adsorption leads to decreased ability of MWCNT to reduce PAH bioavailability 
and increased the response variability.  
 
Figure 3.11. Descriptive boxplot of % response reduction to each of the PAHs due to the 
presence of MWCNT at all concentrations. Boxplots are in order of increasing Freundlich 
exponent 1/n for each PAH and depict the data variation within upper and lower quartiles about 
the median. Limits of the box display the relative variation in samples for each PAH, and 
whiskers indicate the variability outside the upper and lower quartiles. 
 
The influence of PAH physicochemical characteristics on bioavailability were also 
assessed via regression analysis. Of all the PAH physicochemical characteristics listed in Table 
A1, BI was found to only be significantly correlated with polarizability and resonance energy, 
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both indicators of π-donor strength (p-values = 0.016 and 0.043, respectively) (Zhu et al., 2005). 
Considering that increases in adsorbate π-donor strength lead to increased π- π interactions 
between PAHs and carbon nanomaterials, it is not surprising that BI would be negatively 
correlated with polarizability and resonance energy as it approaches 1 (Zhu et al. 2005; Linard et 
al., 2017). This supports previously discussed findings, that the relationship between adsorption 
affinity and bioavailability is not just driven by concentration effects, but also by the specific 
interactions occurring between the PAH and the MWCNT surface.   
Adsorption results indicated that PAH morphology was influential to the adsorption 
process. To investigate how PAH morphology may also influence the resulting bioavailability of 
MWCNT-adsorbed PAHs, regression analysis of BI across the entire suite of PAHs was 
conducted as well as T-test comparisons within discreet PAH pairs. T-test comparisons of BI 
were made within the following pairs of chemically similar PAHs to assess the influence of 
structure (i.e. linear vs nonlinear): (1) ACE and FLO and (2) PHEN and ANT. Similarly, T-test 
comparisons of BI were made within the pairs (3) ACE and PHEN, (4) FLO and ANT, and (5) 
FLU and PYR, to assess the influence of aromatic character (i.e. alternate vs non-alternate) when 
the PAHs pairs had similar number of rings and molecular structure. ANOVA across pairs (3), 
(4), and (5) also allowed for PAH structural comparisons (i.e. nonlinear, linear, and clustered, 
respectively) yet differ in aromatic character, being either fully aromatic (i.e. alternate) or 
containing a non-aromatic ring (i.e. non-alternate).  
It was not surprising that there was no significant difference observed in BI of PAHs in 
pairs (1), (2) and (5). The PAHs within each of these pairs were chemically similar to one 
another and their adsorption isotherms were nearly identical. However, when comparing 
combined BI of pair (1) to pair (2), pair (2) had a significantly lower BI (p-value = 0.004) that 
was equal to 1. Similar trends were also observed when T-test comparisons of BI between PAHs 
within pairs (3) and (4) were conducted. In pair (3) PHEN had a significantly lower BI than ACE 
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at a 90% significance level (i.e. p-value = 0.058) and in pair (4) ANT had a significantly lower 
BI value than FLO (p-value =0.038). This suggests that while structure did not influence 
bioavailability, aromatic character was influential particularly for smaller compounds. The lack 
of difference in BI between FLU and PYR (i.e. pair 5), is likely due to these larger PAHs having 
greater adsorption affinity than the other smaller PAHs tested. When comparing the BI of the 
smallest PAH, NAP, with ACE and FLO there was no statistical difference, although NAP BI 
was closer to 1 than ACE and FLO. Overall, these results indicate that the bioavailability of 
small and non-alternate PAHs adsorbed to MWCNT is not as well correlated with adsorption 
descriptors as alternate PAHs. This is attributed to alternate PAHs having greater adsorption 
affinity than non-alternate PAHs, due to greater stability and stronger π-π interactions 
(Krygowski and Ciesielski, 1995; Schwarzenbach et al., 2003). However, as PAHs become 
larger with increasing hydrophobic and π system properties, the differences due to a non-
aromatic ring in terms of both MWCNT adsorption and resulting bioavailability are not 
observable.  
3.3.7 Development of Predictive Bioavailability Model.  
Initial analysis of the relationship between bioavailability and adsorption of MWCNT-
adsorbed PAHs indicated that there was a significant influence of Log Kd (p-value = 0.005) on 
BI. The relationship appeared to be nonlinear where BI plateaued at 1 after Log Kd values 
surpassed 2.5. Although the developed BI normalizes the change in response to the change in 
aqueous water concentration, it does not account for partitioning of PAHs into the organism, 
which can vary due to molecular hydrophobicity and size (Torreiro-Melo et al, 2015). Therefore, 
bile bioconcentration factors (BCFbile) were developed for each PAH from the established dose-
responses listed in Appendix C and were used to assess the relative absorption of PAHs into the 
test organisms (Table C1). Two-tailed T-test showed that besides ACE and PYR, the calculated 
Log BCFbile values were significantly lower than those listed in the literature and those calculated 
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using the PAH Log Kow values. This is partially attributed to BCF being calculated as it relates to 
the concentration of PAHs measured in the bile rather than measured in lipids or calculated 
assuming bioaccumulation in the lipids. Lipid content varies depending on the species of fish and 
can result in different BCF values (Bleeker and Verbuggen, 2009; Mackay., 1982; Arnot and 
Gobas, 2006).  Further, PAHs, particularly those used in this study, are quickly metabolized in 
fish and are considered to have low bioaccumulative potential so BCFbile measurements provide 
a more accurate measure of PAH uptake by fish (Torreiro-Melo et al., 2015; Beyer et al., 2010; 
Bleeker & Verbuggen, 2009).  
For the development of an adsorption-bioavailability model, the relationship between 
distribution coefficient of PAH from water to MWCNT and the partitioning coefficient of PAH 
into bile was established. The freely dissolved PAH concentration in the system was related to 
the total PAH concentration in the system as follows (Voutsas et al., 2002): 
                                                      (3.7) 
Where Ce is the measured water concentration; C0 it the total PAH concentration in the system; 
KiMWCNT is the distribution coefficient of PAH from water to the MWCNT and is equivalent to 
the single point adsorption descriptors (i.e. Kd = qe/Ce) and CMWCNT is the concentration of 
MWCNT in the system. For the PAH-bile distribution coefficient, the response of fish was first 
converted to PAH equivalent concentration using the dose-response relationships and calibration 
curves listed in Appendix C. There was a strong positive correlation (R2 = 0.92) between the 
developed Log BCFbile and the measured partition coefficient of PAH from water into bile from 
the PAH only treatments (i.e.  where C0 is the concentration of PAH measured 
in the water from PAH only treatments) (Figure C3). This shows that the uptake of PAHs from 
exposure treatments can be represented by a single BCFbile value for each PAH and is 
representative of the expected absorption of PAHs if all of the PAH present in the system was 
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bioavailable. Assuming steady state had been reached in the system, the partitioning coefficient 
of PAH from the MWCNT into the bile can be expressed in the following form: 
                                             (3.8) 
The PAH concentration measured in the water and bile as a ratio of MWCNT: PAH only 
treatments was plotted as a function of the single point adsorption descriptors (Log Kd) from 
each exposure (Figure 3.12). The water ratio (i.e. Ce/C0) showed the expected sigmoidal curve 
where it was near one at low Log Kd values, and plateaued at a near zero value for high Log Kd 
(Voutsas et al., 2002). The bile ratio (i.e. Cbile_MWCNT/Cbile_PAH) was also negatively correlated 
with Log Kd (R
2 = 0.79), but did not match the same sigmoidal trend. Instead at high Log Kd 
values, representative of greater adsorption affinity, the bile ratios deviated and were found to be 
higher than the water ratios. This indicates that even with high adsorption, some fraction of the 
adsorbed PAH remained bioavailable and bioavailability could not be completely reduced. This 
may be due to a dilution effect, where the concentration of freely dissolved PAH in the gut tract 
is lower than that of the outside aqueous environment, thus desorption of PAHs from the 




Figure 3.12. Relationship between the ratio of concentration in the MWCNT treatments to 
the PAH only treatments in water and bile, as a function of the adsorption descriptor (Log 
Kd). The correlation coefficient (R2) show the linear regression fit of the bile ratio as a function 
of Log Kd.  
 
Generalized regression was used to develop a model describing bioavailability as the 
ratio of the PAH concentration measured in the bile to the concentration adsorbed to MWCNTs 
i.e. the partition coefficient of PAH between MWCNT and bile (Cexibile/CMWCNT = KibileMWCNT). 
Data from the 42 individual exposure assays were randomly divided in half to make up the 
training and validation data set. Below the fitting equation of the selected model is presented; the 
JMP output results are listed in Appendix F.  
     Log (KibileMWCNT) = (2.55 ± 0.45) + (0.63 ± 0.15) Log BCF - (0.52 ± 0.11) Log Kd            (3.9) 
(n = 21, R2 = 0.68) 
The tested input parameters consisted of PAH physicochemical characteristics, including 
aromatic character and structure, adsorption descriptor parameters, equilibrium concentration, 
and the determined BCF values from the does-response relationships. Of these various indices, 
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A-LASSO identified that only BCF and adsorption descriptors (i.e. Log Kd) were appropriate for 
estimating Log (KibileMWCNT). The fitting equation of the training set had a correlation coefficient 
of 0.68 and no correlation was observed between the variables (VIF <10). The PRESS value of 
the training data set was 2.93 with an RMSE of 0.37, while the PRESS value of the validation 
data set was higher at 5.49 with an RMSE of 0.50. Although the prediction accuracy of the 
validation set was not as strong as that of the training set, the bile_MWCNT distribution 
coefficient values (Log KibileMWCNT) were evenly distributed about the perfect prediction line 
(Figure 3.13). This indicated moderate accuracy of the above model in describing bioavailability 
as a function of the absorption of PAHs into the organism via water exposure and the adsorption 
affinity of PAHs by MWCNT.  
Log BCF is the most significant term of the model, indicating that bioavailability is 
largely dependent on the bioaccumulative potential of the PAH by the organism. However, the 
negative contribution of Log Kd describes how the bioavailable fraction of PAH will decrease 
with increasing adsorption affinity. Overall, the resulting distribution of PAH between MWCNT 
and bile (KibileMWCNT) is dependent on whether adsorption affinity of PAHs by MWCNT or 
bioaccumulative potential is greater. In the experimental vs actual prediction plot of Log 
KibileMWCNT values, the validation data set seemed to deviate from the perfect prediction line at 
lower values. This is attributed to the influences from Log Kd and Log BCF being similar in 
magnitude causing greater variation in the distribution of the PAH between MWCNT and uptake 
into the organism. Several studies have also suggested that the lack of uniform desorption can 
cause difficulty in describing bioavailability of adsorbed compounds with just the use of 
adsorption/desorption models (Beckles et al., 2007; Lawrence et al., 2000). Inclusion of a term 
accounting for desorption behavior of PAHs from MWCNTs may improve the fit of the model. 
Because fish were starved in this study, thus having low levels of solubilizing digestive 
components like bile salts, it is unlikely that the digestive process contributed much to the 
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observed relationship or desorption of PAHs differently than expected in water (German et al., 
2009; Wang et al., 2011; Su et al., 2013). However, future studies should focus on investigating 
this relationship in different digestive conditions where food material or digestive components 
may provide an additional component for PAHs to associate with thus altering the partitioning of 
PAHs from MWCNTs into the organism.   
  
Figure 3.13. Plot of predicted distribution coefficient of PAH between bile and MWCNT 




Overall, the results of this work support previous findings that the adsorption of PAHs by 
MWCNT is largely driven by the compound’s chemical characteristics that contribute to 
hydrophobic forces and π-π interactions. However, the adsorption of small PAHs is particularly 
sensitive to the compound’s morphology, where structure and aromatic character greatly 
influence the PAH’s π electron system. Further, adsorption interactions observed were 
concentration sensitive, where the adsorption process switched from linear to nonlinear as the % 
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surface area coverage of MWCNT by PAH increased beyond 50%. Likewise, the contribution of 
PAH physicochemical properties to the adsorption process decreased with increasing surface 
area coverage, indicating that as available adsorption sites began to fill up the interactions 
driving the adsorption switched from specific to nonspecific. Similarly, the relationship between 
adsorption and resulting bioavailability of MWCNT-adsorbed PAH was concentration 
dependent. At low PAH concentrations when the adsorption process was still linear and the 
measured adsorption affinity (i.e. Log Kd) was ≥ 2.5, only the aqueous fraction of PAH was 
bioavailable. However, bioavailability could not be estimated accurately when adsorption 
affinity was low. Incorporating both MWCNT adsorption affinity influences and the 
bioconcentration potential of PAHs by P. promelas, allowed bioavailability of MWCNT-
adsorbed PAHs to be predictable. These findings indicate that bioavailability of CNT adsorbed 
contaminants is related to both adsorption and the bioaccumulative potential of the contaminant 
by the organism in question. Given the results, it is not likely that MWCNTs will enhance the 
bioavailability of PAHs to fish, although there is an adsorption affinity threshold at which 
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INVESTIGATING THE INFLUENCE OF COMPETITIVE ADSORPTION BY 
MWCNTS AND THE IMPACT ON ADSORBED-PAH BIOAVAILABILITY TO P. 
PROMELAS 
4.1 Introduction 
Carbon nanotubes (CNTs) released into the environment or processed in water treatment 
facilities will interact with a multitude of other components including natural organic matter and 
mixtures of contaminants. It has been widely observed that natural organic matter can 
outcompete other molecules for the available adsorption sites on CNT’s surface due to both pore 
blockage and direct competition (Wang et al. 2009; Wang et al., 2008; Zhang et al., 2011; Sun et 
al., 2013). Such competition has been shown to increase the bioavailability of adsorbed 
contaminants, where increased competition for adsorption sites by NOM can lead to higher water 
concentrations of contaminant, likewise resulting in greater contaminant bioaccumulation (Shen 
et al., 2013). The degree to which the competitive interactions alter the adsorption affinity of 
other compounds depends on a wide array of factors including the size of NOM, the surface area 
and porosity of the adsorbent, and the adsorption affinity of the compound in question. The 
structure of the compound has been found to be of particular importance in competitive 
adsorption such that NOM competition was found to be more severe for non-planar organic 
contaminants compared with planar, hydrophobic contaminants (Zhang et al., 2011). 
Competition between polycyclic aromatic hydrocarbons (PAHs) on the surface of CNTs is 
largely driven by adsorption affinity and hydrophobic interactions, where the less hydrophobic 
PAHs with lower adsorption affinity are more easily outcompeted by those with higher 
adsorption affinity (Yang et al., 2006a). Though adsorption is similar for PAHs of similar 
physicochemical properties in single-solute systems (Ersan et al., 2016), in bi-solute systems the 
compound’s structure is also a contributing factor to the competitive interaction (Yang et al., 
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2006a). Further, competition between solutes in multi-solute mixtures were not always found to 
reduce adsorption capacity; there is evidence that in some cases compounds will interact with the 
sorbates that have already adsorbed to the CNT surface, thus creating a multilayer (Yang et al., 
2010). In general, adsorption of compounds in bi-solute mixtures has been described as a more 
linear process where competition at the surface of the adsorbent and filling of adsorption sites 
leads to a more homogenous surface (Xi and Ball, 2000). Typically linear adsorption is 
considered weaker than nonlinear adsorption to heterogenous surfaces (Apul and Karanfil, 2015; 
Yang and Xing, 2010) and suggests greater potential for the adsorbent to act as a contaminant 
carrier (Haws et al., 2006). While these types of interactions in bi- and multi-solute mixtures 
have the potential to significantly alter the bioavailability of CNT-adsorbed contaminants, little 
to no work exists on this subject.  
 The primary aim of this study was to assess the role of competition on bioavailability of 
PAHs when adsorbed to multi-walled carbon nanotubes (MWCNTs) in a bi-solute mixture. 
Adsorption competition and the resulting bioavailability was investigated for two pairs of PAHs, 
that were chemically similar yet structurally different. The main objectives of this study were to 
(i) characterize the competitive interaction between (a) phenanthrene and anthracene, and (b) 
fluoranthene and pyrene, via bi-solute batch adsorption experiments and (ii) compare 
bioavailability of the PAHs to Pimephales promelas in single and bi-solute mixtures, using bile 
fluorescence analysis and HPLC peak comparison. 
4.2 Materials and Methods 
 4.2.1 Materials 
 The four polycyclic aromatic hydrocarbons used for this study are phenanthrene (PHEN), 
97% purity, and anthracene (ANT), 99% purity from ACROS Organics; fluoranthene (FLU), 
98% purity, from ULTRA Scientific; and pyrene (PYR), 98% purity, from Sigma-Aldrich. Stock 
solutions were prepared in HPLC grade methanol and the PAH characteristics are presented in 
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Appendix A (Table A1). All solvents, including methanol and acetonitrile, used for solid-phase 
extraction (SPE) and high-performance liquid chromatography (HPLC), were HPLC grade. C18 
SPE columns (200 mg/ 3 mL) were purchased from Thermo Scientific. 
The multi-walled carbon nanotubes (MWCNT) were from the same batch as used in 
previous studies (Linard et al., 2017). As purchased from the manufacturer, Nanostructured & 
Amorphous Materials (Houston, TX), MWCNTs had a purity of +95%, length of 10-30 µm, 
outer diameter of 20-30 nm, and inner diameter 5-10 nm. MWCNTs were suspended via 
microtip sonication (Branson 450 digital sonifier at 60 watts) in moderately hard water with 2 
mg C/L Suwannee River natural organic matter (NOM) collected from near the Suwannee River 
Visitor’s Center (Fargo, GA). After sonication and suspension, MWCNTs length was 0.1-0.8 
µm. The surface area and pore volumes of the MWCNTs before and after adsorption of 
dissolved organic carbon were determined via nitrogen adsorption with a physiosorption 
analyzer (Micromeritics) and application of the Brunaur-Emmett-Teller (BET) equation, the 
Barrett-Joyner-Halendea (BJH) equation, and the density functional theory model (DFT) (Zhang 
et al. 2009). Surface area, micropore, mesopore and macropore volumes of MWCNTs with 
NOM adsorbed were approximately 98 m2/g, 2.2x10-4 cm3/g, 5.1x10-1 cm3/g, and 4.2x10-2 cm3/g, 
respectively (Table B1).  
4.2.2 Adsorption Isotherms 
Single- and bi-solute adsorption isotherms were determined from duplicate tests using the 
batch equilibrium approach in a background solution of moderately hard water containing 2 mg 
C/L NOM. All experiments were conducted in 10 mL screw cap glass centrifuge tubes at 25ºC± 
1°C and allowed to come to equilibrium on a bench top shaker table for 96 hours. PAH stock 
solution was added to 1.5 mg/L MWCNT suspension, keeping the addition of methanol below 
0.1% total solution to avoid any co-solvent effects. In single solute isotherms, the initial PAH 
concentration of PHEN, ANT, FLU and PYR ranged from 2.5-125, 0.5-25, 1.25-75, and 1.25-75 
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µg/L, respectively. Competitive sorption experiments were conducted in two discreet pairs, 1) 
PHEN and ANT; 2) FLU and PYR where bi-solute isotherm experiments were prepared 
identically as the single-solute isotherms except a fixed dose of the competing solute was added. 
Bi-solute experiments were conducted at two different fixed doses of the competing solute, 2.5 
and 7.5 µg/L. Vials without MWCNTs were identically prepared to serve as positive controls; 
controls for the entire system were spiked with methanol only. After equilibrium was reached, 
the vials with and without MWCNTs were centrifuged (Eppendorf 5804 R) at ~1500g for 1 hour 
and the remaining aqueous supernatant was then concentrated using solid phase extraction 
(protocol described in a following section). The concentration of the PAHs in the eluent was 
analyzed via normal-phase HPLC at a flow rate of 1 mL/min equipped with a fluorescence 
detector at the fluorescence excitation/emission wavelengths 252/366 nm for PHEN and ANT, 
and 275/420 nm for FLU and PYR. For samples containing PHEN and/or ANT, the mobile 
phase of the HPLC was at a gradient methanol and water mixture increasing from 75:25 to 90:10 
where the retention times were 11.1 and 11.9 mins for PHEN and ANT, respectively. For 
samples containing FLU and/or PYR, the mobile phase of the HPLC was at an isocratic 
acetonitrile and water mixture of 80% and 20% where retention times were 9.2 and 10.2 for FLU 
and PYR, respectively. Analysis of PAH concentration in vials without MWCNT showed 
negligible change from the initial concentration; therefore, the sorption of PAHs by MWCNTs 
was calculated as the difference in concentration between positive controls and MWCNT vials.  
4.2.3 Adsorption Models  
Work in previous studies showed the Freundlich model and Polyani theory to be the most 
accurate in describing the adsorption of PAHs by MWCNTs; therefore, both were employed in 
this study (Yang et al., 2006a). The model equations and definition of the parameters are listed in 
Table 4.1, where qe (mg/g) and Ce (mg/L) represent the adsorbed concentration and aqueous 
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concentration, respectively, of PAH at equilibrium. The goodness of model fit was assessed by 
residual root mean square error (RMSE) and the correlation coefficients (R2). 
Table 4.1. Nonlinear sorption models used to fit adsorption isotherms of PAHs to MWCNTs. 




1/n KF[(mg/g)/(mg/L)1/n], Freundlich affinity 
coefficient; 
1/n, Freundlich exponential coefficient  
Polyani-Manes 
(PMM) 
log qe = log qmax + a*(Єsw/Vs)b 
Єsw = RT*ln(Cs/Ce) 
 
qmax(mg/g), maximum adsorbed capacity; 
Єsw(J/mol), effective adsorption potential; 
Cs(mg/L), adsorbate water solubility 
Vs(cm3/mol), molar volume of solute;  
a[(cm3) b+1/ (mol Jb)] and b, fitting 
parameters; 
R [8.314 J/(K mol)], universal gas constant; 
T(K), absolute temperature 
 
4.2.4 Solid-phase extraction 
Reverse-phase solid-phase extraction (SPE) of PAHs from aqueous solutions, including 
the adsorption isotherm experiments and water samples from the bioavailability assays, was done 
using HYPERSEP C18 cartridges (200 mg/ 3mL). Before loading the samples, the cartridges 
were conditioned with 3 mL of acetonitrile, followed by 3 mL of methanol, and then 2 mL of 
nanopure water amended with 10% or 15% methanol to match the aqueous samples that would 
be processed. Samples containing PHEN and ANT were modified with 10% methanol, while 
samples containing FLU and PYR were modified with 15% methanol. Amending water samples 
with an organic solvent helps to keep the octadecyl chains of the solid phase activated and can 
help increase the solubility of PAHs (Marcé and Borrull, 2000). After conditioning, 13 mL of 
sample were loaded on the cartridges at a flow rate of ~2.5 mL/min. The cartridges were then 
rinsed with 2mL of nanopure water and dried using a vacuum filter for 10 mins. Due to the lower 
hydrophobicity of PHEN and ANT vs FLU and PYR (i.e. Log Kow = 4.6 vs 5.2, respectively), 
two different eluents were used to improve the recovery. PHEN and ANT were eluted by 1.5 mL 
methanol, while FLU and PYR were eluted by 1.5 mL acetonitrile via gravity. Preliminary tests 
showed improved recovery of FLU and PYR with acetonitrile as the eluent over methanol.  The 
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eluent was then transferred to 1 mL amber septa-capped vials for later HPLC analysis. 
Preliminary tests showed that using the above mentioned methanol amendments to water 
samples and organic solvent eluents gave the highest recoveries (>80% for all PAHs) and 
negligible breakthrough. 
4.2.5 Bioavailability Assays 
Bioavailability assays were conducted using adult Pimephales promelas (fathead 
minnows) weighing greater than or equal to 1 g wet in the same exposure conditions as in 
previously published work (Linard et al., 2017). Exposures were conducted in replicates with 4 
fish per treatment in 16 hour static conditions, full water changes every 4 hours. Average 
response of fish, represented by bile fluorescence, from a single aquarium was considered a 
single measurement unit during statistical analysis. Water samples were collected at the 
beginning and end of each water change to verify PAH concentrations via SPE and HPLC 
analysis. For a single replicate, 6 treatments in addition to a control existed, where the response 
of fish was measured when exposed to single solute solutions of each PAH and bi-solute 
solutions of the PAHs, both with and without the addition of 1.5 mg/L of suspended MWCNT. A 
schematic of the treatments and exposure set up is depicted in Figure 4.1 where PAH A and PAH 
B denote the two different PAHs used in the assay. Solutions for each treatment were tumbled in 
4L amber glass containers on a rotary tumbler to reach equilibrium prior to fish exposure. The 
two pairs of PAHs were used in bi-solute exposures where 1) PHEN and ANT, and 2) FLU and 
PYR. The pairs were selected based on having similar physiochemical properties (Table A1), but 
differing in either structure (i.e. linear vs angular) for pair 1 or aromatic character (i.e. alternate 
vs non-alternate) in pair 2. The spiked concentrations of each PAH were determined from the 
developed adsorption isotherms where competition between the two PAHs was apparent. The 
same concentration was used in single-solute and bi-solute solution where all PAHs were each 
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Figure 4.1. Schematic of experimental set up of bioavailability assays. PAH A and PAH B 
denote the two different PAHs used in the assay. 
 
4.2.6 Bile Analysis 
Fish were euthanized at the end of each exposure and the bile was collected for analysis 
of PAH metabolites. Collected bile was initially diluted to 1:5 with the addition of 50 µL of 
nanopure water, vortexed and centrifuged at 14000 rpms (Eppendorf 5804 R) to sediment the 
gallbladder skin. The supernatant was diluted to 1:30 with 200 µL of methanol for samples 
containing PHEN and/or ANT or with acetonitrile for samples containing FLU and/or PYR. 
Acetonitrile was used over methanol for FLU and PYR bile samples to remain consistent with 
the mobile phased used; acetonitrile in the mobile phase over methanol was used to reduce the 
retention time of FLU and PYR on the HPLC column. The diluted bile samples were then 
analyzed using a Waters-HPLC affixed with a UV-fluorescence detector at the fluorescence 
excitation/emission wavelengths 252/366 nm for PHEN and ANT, and 275/420 nm for FLU and 
PYR. The mobile phase and flow were identical to those previously described for the water 
samples. The retention times only slightly deviated from the water sample analysis and were 11.3 
mins for PHEN, 11.8 mins for ANT, 9.5 mins for FLU and 10.7 mins for PYR.  
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Following methods and definitions put forth by Torreiro-Melo et al. (2015), the relative 
concentration of PAH in bile was calculated as PAH equivalents using calibration curves of 
PAHs prepared in the same background solution used to analyze the bile fluorescence via HPLC 
(i.e. 100% methanol for PHEN and ANT; 100% acetonitrile for FLU and PYR). The observed 
area under the fluorescent peaks of individual PAHs was directly correlated of the concentration 
of PAH in solution; the linear equations for each PAH are as follows: 
                                              (4.1) 
                                              (4.2) 
                                                (4.3) 
                                                (4.4) 
 
Previous work also showed a linear relationship between PAH exposure and bile 
fluorescence intensity (Table C1). As such, the PAH equivalent concentration calculated in bile 
samples allowed for a bile bioconcentration factor (BCFbile) to be established. BCFbile was 
calculated as the ratio between the concentration of PAH in the bile (PAHbile) compared to the 
concentration of the PAH water concentration (PAHwater) as represented by the following 
equation (Torreiro-Melo et al., 2015):  
                                                     (4.5) 
 
This allowed for changes in BCFbile to be assessed for each PAH due to the presence of another 
PAH and the presence of MWCNT.  
4.2.7 Statistical Analysis 
JMP Pro 12 software from SAS Institute Inc was used to perform all statistical tests. 
Analysis of covariance (ANCOVA), where the covariant was the concentration of the 
“competitor PAH”, was used to compare adsorption isotherms in log-log form for each PAH. 
Student’s T test was used to compare the concentration of each PAH in bile (PAHbile) within the 
PAH pairs, between single solute and bi-solute exposures and treatments with and without 
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MWCNT. Least squared mean contrast was used to compare the difference in bioavailability of 
the MWCNT-adsorbed PAH between single-solute and bi-solute treatments. Shapiro-Wilk’s test 
was used to test normality of bile fluorescence residuals; Brown and Forsythe test was used to 
test homogeneity of variance within treatments. Unless otherwise denoted, the significance level 
of all tests was set at 0.05. 
4.3 Results and Discussion 
 4.3.1 Single-Point Competitive Adsorption 
 Competition was specifically investigated within two discreet pairs of PAHs, (1) PHEN 
and ANT and (2) FLU and PYR. PAHs within these pairs had similar chemical characteristics, 
but differed structurally (Table A1). Figure 4.2 shows the competition between the PAHs of each 
pair at the initial concentration of the primary adsorbate when the concentration of the 
competitor PAH ranged from 0-7.5 µg/L. Single-point adsorption descriptors (Kd = qe/Ce) of 
both PHEN and ANT at 2.5 µg/L drastically decreased with the presence of the competitor PAH 
(p-value <.0001 for both) (Figure 4.2. [A] & [B]). For PHEN, Kd values decreased with 
increasing competitor concentration (i.e. ANT) even as PHEN concentration also increased 
(Figure 4.2. [A]). In contrast, when ANT was the primary adsorbate, Kd values were not 
influenced by increasing competitor concentration (i.e. PHEN) at higher equilibrium 
concentrations of ANT (Figure 4.2. [B]). This indicates that ANT has greater potential to 
outcompete PHEN for adsorption sites and is attributed to the difference in PAH structure. 
Though the two compounds are nearly identical in physiochemical properties, the linear structure 
of ANT likely allows it to better align with the curved surface of the MWCNT than angular 
PHEN (Apul et al., 2012). The increased contact between the MWCNT surface and the 
compound likewise increases the π-π interactions and strength of adsorption (Gotovac et al., 
2007).  
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 The change in Kd values for FLU and PYR had distinctly different trends than that 
observed for the PHEN and ANT pair. When both compounds were the primary adsorbate, the 
addition of 2.5 µg/L of the competitor PAH caused an initial increase in Kd values (Figure 4.2. 
[C] & [D]). This was most pronounced at the low equilibrium concentration (i.e. 2.5 µg/L) of the 
primary adsorbate, while the trend was suppressed at higher primary adsorbate concentrations 
(i.e. 45 µg/L). Wang et al. (2014), suggested that such a “turning point” in Kd values indicate 
high energy adsorption up to that point, after which the adsorption of molecules has a greater 
distribution of lower energy adsorption sites resulting in the characteristic decrease of Kd values 
with continual increase of equilibrium concentration (Wang et al., 2014). It may be that the 
adsorption of a small amount of the competitor PAH altered the surface morphology of the 
MWCNT in a way that enhanced adsorption; when either the competitor or primary solute 
increased in concentration beyond some threshold the compounds then became competitive. 
Interactions between PAHs have been likened to the π-π interactions that PAHs undergo with the 
surface of carbon nanomaterials (Podeszwa, 2010; Feng et al., 2009) and may allow for PAH 
binding and stacking on one another on the surface of MWCNT (Yang et al., 2010; Yang et al., 
2006a). Wang et al. (2012) has likewise observed a synergistic effect in bi-solute systems where 
the adsorption of planar compound enhanced the adsorption of another. For FLU, even at the 
highest concentration of the competitor PYR, Kd values were similar to those observed in 
adsorption experiment without the competitor present (Figure 4.2 [C]). In contrast, Kd values of 
PYR at the highest competitor concentration were found to be lower than if the competitor were 
not present (Figure 4.2 [D]). This suggests that PYR adsorption is altered by simultaneous low 
FLU adsorption, and is more susceptible to competition when FLU is present at a higher 
concentration. Overall, the interactions between the two PAHs were distinctly different for each 
pair (i.e. (1) PHEN and ANT, (2) FLU and PYR) There were significant interactions between the 
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primary solute and competitor PAH at low concentrations, but similarly to Yang et al. (2006a), 




Figure 4.2. Single point adsorption descriptors (Kd) of the primary adsorbate. (A) PHEN, 
(B) ANT, (C) FLU and (D) PYR, at different concentrations plotted against the competitor 
adsorbate. Kd = qe/Ce 
 
4.3.2 Adsorption in Bi-solute Systems 
 Adsorption isotherms of PHEN, ANT, FLU and PYR by MWCNTs without and with the 
competitor PAH are shown in Figure 4.3. The corresponding fitting parameters of the Freundlich 
(FM) and Polyani-Manes (PMM) models are given in Table 4.2. As previously observed, PAHs 
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of similar physicochemical characteristics were similarly adsorbed by MWCNT when in single 
solute solutions (Yang et al., 2006a). As such, MWCNT has a similar adsorption capacity for 
PHEN and ANT represented by the Freundlich KF value without the competitor present (Table 
4.2). Although it appeared that MWCNTs had a greater adsorption capacity for FLU over PYR 
(i.e. KF values 118 vs 77.6, respectively), ANCOVA of the linearized single-solute isotherms 
showed that there was not a significant difference in adsorption of the two compounds. In 
general, adsorption capacity of MWCNT for the primary adsorbate decreased with the increasing 
concentration of the competitor PAH (Table 4.2 and Figure 4.3). However, the mechanism of 
adsorption and interaction between the primary and competitor PAHs differed for the two PAH 
pairs, i.e. (1) PHEN and ANT and (2) FLU and PYR. 
Both FM and PMM fit the data well as seen with high correlation coefficients, although 
the PMM fit generally had lower RMSE values (Table 4.2). There were a few exceptions in 
which the models did not fit the data accurately, suggesting another type of model may better 
explain the adsorption process. The FM was not able to adequately fit the PHEN + 7.5 µg/L 
ANT isotherm (R2 = 0.80), which was attributed to the nonlinearity of the isotherm at higher 
equilibrium concentrations (Figure 4.3. [A]). This is supported by the high value of the PMM 
fitting parameter b (i.e. 7.75), where increases in b above one are indicative of increasing 
nonlinearity (Yang and Xing, 2010). Fitting of the isotherm with the Langmuir model improved 
the fit (R2 = 0.90), suggesting that the competition by ANT changed the heterogeneity of the 
adsorption sites available to PHEN, thus leading to an adsorption process that more closely 
resembled monolayer formation (Kah et al., 2011; Yang et al., 2006b). In contrast, the adsorption 
of ANT in the presence of PHEN became an increasingly more linear process as the 
concentration of the competitor increased from 2.5 to 7.5 µg/L, though the adsorption capacity 
(i.e. KF values) was still lower compared to adsorption of ANT alone (Figure 4.2. [B]; Table 
4.2). ANCOVA of the linearized ANT adsorption isotherms showed that this trend was 
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dependent on the competitor concentration. The isotherm slope (i.e. FM 1/n value) of ANT with 
2.5 µg/L PHEN was significantly greater than ANT alone (p-value = 0.023) and further 
increased with the addition of 7.5 µg/L PHEN (p-value = 0.002). A number of studies have 
similarly observed the suppression of isotherm nonlinearity in bi-solute systems, and have 
attributed it to the limit of competition (Xi and Ball, 2000; Yang et al., 2006a). A linear isotherm 
is reached when the adsorbed molecules could no longer be outcompeted by other molecules 
present (Yang et al., 2006a). This is also in line with the previously discussed findings of 
competition effects between PHEN and ANT on the single-point adsorption descriptors; ANT 
significantly reduces the adsorption of PHEN in bi-solute systems while PHEN has limited 
impact on ANT adsorption.  
For FLU and PYR, competitive interactions were not observed until a higher ratio of 
primary solute to competitor PAH concentration was reached. The decrease in adsorption 
capacity from the single-solute solutions to the bi-solute solutions with 2.5 µg/L was not 
significant for either FLU or PYR. Only with the addition of 7.5 µg/L of the competitor PAH did 
the adsorption capacity of the MWCNT for FLU and PYR significantly decrease (p-value = 
.0271 and 0.0003, respectively). Further, for FLU isotherms, the addition of 7.5 µg/L of PYR led 
to a significant change in isotherm slope (p-value 0.0085), corresponding with a decrease in both 
the FM exponent, 1/n, and PMM exponent, b. This indicated an increase in surface heterogeneity 
and adsorption energy potential, possibly suggesting improved adsorption of FLU due to the 
presence of PYR (Yang et al., 2010). This was similar to the observed increase in single-point 
adsorption descriptor with the addition of 2.5 µg/L of PYR, as previously discussed. ANCOVA 
was used to compare the adsorption isotherms of FLU and PYR, each in the presence of 2.5 and 
7.5 µg/L of the competitor. Similar to comparison of the isotherms when no competitor was 
present, there was no significant difference in adsorption of FLU and PYR when in the presence 
of 2.5 µg/L competitor PAH. However, with 7.5 µg/L of the competitor present, the adsorption 
 134 
isotherms of FLU and PYR were significantly different (p-value = 0.0023). Adsorption of FLU 
was significantly higher than that of PYR at the low equilibrium concentration, but at higher 
equilibrium concentrations there was no difference in adsorption of the two compounds. This is 
attributed to the similar molecular structure and physicochemical properties of the two 
compounds, thus leading to substantial and comparative competition when each is present at high 
concentrations in a bi-solute system (Yang et al., 2006a). The results indicate a preference of 
MWCNT to adsorb FLU over PYR, but only at higher concentrations of PYR, are PYR 
molecules able to overcome the competition and dominate adsorption. Although the four fused 
benzene rings in PYR allow for an extremely stable π- electron delocalization cloud that can 
contribute greatly to the π-π interactions with the surface of MWCNT, this structure also causes 
PYR to be quite rigid (Apul and Karanfil, 2015; Schwarzenbach et al., 2003). Though FLU has a 
lower π-bonding potential, the non-aromatic ring that lacks double carbon bonds in its structure 
allows FLU molecules to flex more than PYR (Zhu and Pignatello, 2005; Martinex and Iverson, 
2012; Schwarzenbach et al. 2003). This may allow FLU to more easily curve with the surface of 
MWCNT, thus creating more contact between FLU and the nanomaterial surface than PYR 


















Table 4.2. Fitting parameters of Freundlich and Polyani-Manes nonlinear models to adsorption 
isotherms of PAHs on MWCNT 






KF (mg/g)/(mg/L)1/n 1/n RMSE R2 
phenanthre
ne 
None 42.58±5.00 0.63±0.04 0.34 0.99 
 ANT (2.5) 24.53±5.22 0.60±0.07 0.41 0.96 
 ANT (7.5) 5.19±1.97 0.49±0.13 0.23 0.80 
anthracene None 34.45±12.43 0.51±0.08 0.45 0.95 
 PHEN (2.5) 31.23±7.23 0.62±0.06 0.18 0.98 
 PHEN (7.5) 26.20±5.94 0.74±0.06 0.09 0.98 
fluoranthen
e 
None 118.78±31.76 0.67±0.07 0.64 0.99 
 PYR (2.5) 76.80±12.73 0.54±0.04 0.45 0.99 
 PYR (7.5) 22.04±4.74 0.40±0.06 0.48 0.97 
pyrene None 77.64±18.40 0.56±0.06 0.79 0.98 
 FLU (2.5) 96.18±10.01 0.54±0.03 0.48 0.99 
 FLU (7.5) 42.10±5.68 0.56±0.04 0.28 0.99 






Log qmax a b RMSE R2 
phenanthre
ne 
None 1.83±0.46 -0.04±0.06 0.89±0.31 0.04 0.99 
 ANT (2.5) 0.84±0.11 -8.4e6±1.85e-5 2.69±0.48 0.07 0.98 
 ANT (7.5) 0.21±0.02 -1.4e-14±4.24e-14 7.75±0.77 0.02 0.99 
anthracene None 0.77±0.29 -5.72e-3±0.02 1.16±0.77 0.16 0.91 
 PHEN(2.5) 0.55±0.15 -1.15e-3±2.3e-3 1.63±0.45 0.13 0.97 
 PHEN (7.5) 8.89±113 -8.09±112.6 0.035±0.45 0.04 0.97 
fluoranthen
e 
None 1.14±0.28 -5.6e-5±2.7e-4 2.22±1.04 0.18 0.96 
 PYR (2.5) 1.43±0.62 -2.6e-3±0.02 1.25±0.94 0.14 0.95 
 PYR (7.5) 1.32±0.57 -0.04±0.11 0.76±0.47 0.08 0.97 
pyrene None 1.04±0.07 -2.8e-7±8.5e-7 3.48±0.67 0.09 0.99 
 FLU (2.5) 1.26±0.10 -2.6e-4±4.2e-4 1.88±0.34 0.10 0.98 
 FLU (7.5) 0.94±0.09 -6.7e-4±1.04e-3 1.71±0.34 0.06 0.99 
*All estimated parameter values and their standard errors were determined by JMP Pro 12 
software (SAS Institute Inc.); Mean ± Standard Error 
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Figure 4.3. Adsorption isotherms of PAHs by MWCNTs without and with competitor at 
two concentrations (i.e. 2.5 and 7.5 µg/L). (A) phenanthrene (PHEN) alone and with 
anthracene (ANT) as competitor; (B) ANT alone and with PHEN as competitor; (C) fluroanthene 
(FLU) alone and with pyrene (PYR) as competitor; and (D) PYR alone and with FLU as 
competitor. Solid lines are the Fruendlich model fit and dashed lines are the Polyani-Manes 
model fit.  
 
 PMM correlation curves of each PAH alone and in the presence of the competitor were 
plotted in Figure 4.4 and used to further assess competition between chemcially similar PAHs in 
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a bi-solute system. The underlying assumptions of the Polyani theory are that adsorption (1) 
depends on the distance of the molecule from the surface of the adsorbate, (2) the process is 
independent of temperature and (3) adsorption is independent of the state of aggregation (Yang 
and Xing, 2010; Yang et al., 2010). Additionally, given that all adsorption space is accessible, 
correlation curves of different adsorbates for a single adsorbent should collapse onto a single line 
when adsorption potential is normalized to the molecule’s molar volume (Wang et al., 2008; Xia 
and Ball et al., 2000; Yang and Xing, 2010). However, the correlation curves of PHEN and 
ANT, without a competitor present were significantly different, indicating that different 
adsorption sites were accessible for the two molecules (Figure 4.4. [A]). Wang et al. (2008) 
suggested that differences in correlation curves are indicative of different specific interactions 
happening between the compound and the adsorbent surface. Interestingly, the correlation curve 
of PHEN with 7.5 µg/L of ANT as a competitor was more similar to the correlation curves of all 
the ANT adsorption isotherms. This is attributed to the increased competition of ANT on PHEN 
adsorption, possibly inhibiting the ability of PHEN to access the adsorption sites it would 
normally access in the absence of a competitor (Yang et al., 2006a). The correlation curves of 
FLU and PYR largely fell on a single line. However, the correlation curve for both FLU and 
PYR as the primary PAH deviated from a single line at high equilibrium concentrations when the 
competitor was present at 7.5 µg/L (Figure 4.4. [B]). This suggests that FLU and PYR were 
accessing the same adsorption sites on MWCNT, but when the competitor was at a higher 
concentration than the primary solute, access to adsorption sites for the primary solute were 





Figure 4.4. Polyani-model based correlation curves of PAHs adsorbed by MWCNT alone 
and in the presence of the competitor PAH at two concentrations (i.e. 2.5 and 5 µg/L). (A) 
PHEN and ANT and (B) FLU and PYR.  
 
4.3.3 Bioavailability of MWCNT Adsorbed PAHs in Single and Bi-solute Systems 
 From the single and bi-solute adsorption experiments, it was determined that at 5 µg/L of 
the primary and competitor PAH, the single point adsorption descriptors (Log Kd) were similar 
for pairs (1) PHEN and ANT and (2) FLU and PYR. Log Kd values for PHEN and ANT in single 
solute solutions were 2.52 and 2.61, respectively; in the bi-solute solutions Log Kd values were 
1.45 and 1.9, respectively. For FLU and PYR, Log Kd values in single solute solutions were 3.3 
and 3.2, respectively and was 2.79 for both PAHs in bi-solute solutions. The concentration of 
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PAH in the bile (i.e. PAHbile) of P. promelas exposed to single and bi-solute treatments of each 
PAH, with and without MWCNT was compared and is shown in Figure 4.5. In single solute 
treatments, MWCNTs decreased the concentration of PHEN and ANT measured in the bile by ~ 
50%, and decreased the concentration of FLU and PYR by ~85%. However, due to the higher 
variation in response of fish to PHEN adsorbed to MWCNTs, the difference was not significant 
at the 95% confidence level. This is similar to previously reported results and is attributed to the 
greater adsorption affinity of MWCNT for FLU and PYR than PHEN and ANT, and the lower 
bioconcentration factor (BCFbile) of PHEN than the other PAHs.  
 
Figure 4.5. Comparison of the concentration of PAH measured in bile of fish exposed to 
treatments with and without MWCNT in single and bi-solute exposures. The initial 
concentration was 5 µg/L of either (A) PHEN and ANT or (B) FLU and PYR. Error bars 
represent the 95% confidence level of the mean and levels not connected by the same letter are 
statistically different based on Student’s T test and least squared means (p-value < 0.05). 
 
In bi-solute solutions, the PHEN concentration in the bile of MWCNT exposed fish was 
not significantly different to that of fish exposed to the bi-solute solution without MWCNT. 
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There was a 40% reduction in the concentration of ANT in bile due to adsorption by MWCNTs, 
though due to variation in response, the reduction was not considered significant at a 95% 
confidence level. This indicates that due to competitive interactions between PHEN and ANT, 
there was a lack of significant effect of MWCNT on the bioavailable fraction of either PAH. 
This is attributed to decreased adsorption affinity of both PAHs when present in mixtures. 
Within the FLU_PYR bi-solute mixture, the reduction of FLU in the bile due to the presence of 
MWCNTs was significantly lower than without MWCNTs (p-value = 0.0275). However, the 
reduction in PYR bile concentration was not significant at the 95% confidence level. Least 
squared means analysis was used to compare PAHbile values in single solute and bi-solute 
exposures, as it related to the difference in treatments with and without MWCNTs. The observed 
change in PHEN and ANT treatments due to the presence of MWCNTs in single solute 
treatments was not significantly different from the change observed in bi-solute treatments. In 
contrast, the change observed in bile concentration of FLU and PYR due to the presence of 
MWCNT was significantly greater in the single solute treatments than the bi-solute treatments 
(p-value = 0.0001 and 0.0365 for FLU and PYR respectively). This was attributed to greater 
competition between FLU and PYR, than PHEN and ANT. Due to weaker adsorption of PHEN 
and ANT compared with FLU and PYR, PHEN and ANT were more vulnerable to competitive 
interactions leading to a more drastic decrease in adsorption capacity by MWCNT; thus 
MWCNT appeared to have a limited influence on bioavailability of PHEN and ANT in bi-solute 
systems. In contrast, the difference in FLU bile concentration in bi-solute exposures with and 
without MWCNT was significantly greater than the difference observed for PYR (p-value 
0.048), suggesting that the bioavailability of PYR is more susceptible to competition by FLU as 
similarly observed in the bi-solute adsorption experiments.  
 Plotting of the % reduction in PAHbile as a function of adsorption by MWCNT showed a 
strong linear correlation (R2 = 0.86) (Figure 4.6). Regardless of whether the exposure solutions 
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were single- or bi-solute, the concentration of PAH in the bile appeared to be directly related to 
adsorption where the concentration of PAH was estimated to be nearly zero with Log Kd values 
surpassing 3.5. This would seem to imply that interactions between multiple solutes at the 
surface of MWCNT has little effect on bioavailability of the adsorbed molecules beyond the 
influence of altered adsorption affinity.  
 
 
Figure 4.6. The reduction in bile concentration (%) of PAHs as a function of adsorption. 
Adsorption is represented by the single point adsorption descriptor (Log Kd) at the exposure 
concentrations. 
 
The partition coefficient of PAH from MWCNT into the bile (KibileMWCNT) was calculated 
to further assess any changes in bioavailability of adsorbed PAHs due to competition and bi-
solute interaction. Assuming that steady state had been reached in the system, KibileMWCNT was 
calculated for each MWCNT exposure as follows. 
                                            (4.6) 
Where Ce is the equilibrium concentration measured in the system, BCFbile is the ratio of PAH 
measured in the bile compared with the water concentration, and Kd is the single point adsorption 
descriptor of the system. KibileMWCNT essentially normalizes the concentration of PAH observed 
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in the bile by the concentration that is adsorbed to ingested MWCNTs. This type of parameter 
can provide additional information on the bioavailability of MWCNT adsorbed PAHs, beyond 
just the change in concentration of the PAH in the bile (Haw et al., 2006).  Least squared means 
was used to compare KibileMWCNT of each PAH in single-solute and bi-solute exposures. Only for 
FLU was a significant increase of KibileMWCNT observed in bi-solute exposures compared with the 
single solute exposure (p-value = 0.0068), indicating that a greater amount of FLU is absorbed 
into the organism when bi-solute adsorption is occurring. This is attributed to the interactions 
between PYR and FLU at the MWCNT surface. Although the adsorption work showed PYR to 
be more sensitive to FLU competition, molecules of similar structure and physicochemical 
characteristics have the greatest competition (Yang et al., 2006a) (Figure 4.2). It may be that 
though FLU outcompetes PYR in an aqueous system, the lowered adsorption affinity allows it to 
more easily desorb once ingested by an organism. Additionally, during the adsorption 
experiments there was a distinct trend in which the adsorption of FLU appeared to increase at 
low levels of PYR adsorption (Figure 4.2). If multilayer adsorption is the mechanism occuring in 
bi-solute FLU and PYR solutions, then it may be that the outer layers of adsorbed FLU more 






Figure 4.7. Comparison of the uptake of each PAH from MWCNT into bile, represented by 
KibileMWCNT, in single solute and bi-solute exposures. Error bars represent the standard 
deviation about the mean. Asterisks indicate a significant difference, as determined by least 
squared means, in KibileMWCNT between the single solute and bi-solute exposure (p-value < 0.05).  
 
4.4 Conclusions 
 The results of this work indicate that while molecules of similar physicochemical 
characteristics may adsorb similarly to a given adsorbent in single-solute solutions, differences in 
structure are a major driving force in the competitive interactions that occur in bi-solute systems. 
In cases where structure allowed for the PAH molecules to have greater contact with the 
MWCNT surface, the PAH was shown to outcompete its isoform. In this study the linear 
structure of ANT and the more flexible structure of FLU, were shown to improve their contact 
with the surface of MWCNT and were likely the reason they were able to outcompete angular 
PHEN and rigid PYR, respectively. Similar to previous reports, competitive interactions were 
more significant at lower concentrations of the two solutes and largely became insignificant at 
higher concentrations (Yang et al., 2006a). The bioavailability of the adsorbed PAHs in bi-solute 
systems closely followed the observed adsorption trends and was largely attributed to changes in 
adsorption affinity due to competition at the MWCNT surface. However, the results indicated 
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that the uptake of FLU into the exposed organism from ingested MWCNTs (KibileMWCNT) was 
greater in a bi-solute system compared with the bioavailability of the single solute system. 
Although the overall concentration of FLU in the bile was still lower than in treatments without 
MWCNT, this may indicate that in multi-solute systems, as expected in the natural environment, 
MWCNTs have a greater potential to act as a “contaminant transporter”. Further, the potential of 
competitor adsorption to enhance the adsorption of another solute should be further studied as 
this may significantly impact the bioavailability of adsorbed molecules in an unpredictable way.  
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The potential risk of carbon nanomaterials (CNMs) to act as contaminant transporters or 
the potential use of such materials for pollution remediation of organic contaminants is strongly 
linked to the material’s adsorptive capabilities. While current literature has laid a good base of 
how CNMs can influence the bioavailability or toxicity of some compounds in specific 
scenarios, there is still a gap in our understanding of the mechanisms driving bioavailability of 
CNM-adsorbed contaminants. The aim of this work was to establish a more holistic 
understanding of the correlation between adsorption behavior and the resulting bioavailability of 
the adsorbed compounds. By working with a single class of contaminants, polycyclic aromatic 
hydrocarbons (PAHs), I could systematically assess and characterize how the physicochemical 
properties of the adsorbent and adsorbate may be predominant modifiers of bioavailability.  
As carbon nanotubes and graphene are both made up of sp2 hybridized carbon atoms in a 
hexagonal honeycomb arrangement, it was not surprising that the mechanisms of adsorption of 
PAHs in this study were found to be largely similar in objective one. Although the results 
suggested that the dominant adsorbate-adsorbent interaction differed for multi-walled carbon 
nanotubes (MWCNTs) and exfoliated graphene (GN), the bioavailability of each of the PAHs 
when adsorbed to MWCNT or GN was found to be similar. However, bioavailability of PAHs 
adsorbed to MWCNTs appeared to be influenced by adsorbate size while bioavailability of 
PAHs adsorbed to GN were influenced by adsorbate morphology. This indicated that 
bioavailability of CNM-adsorbed PAHs was driven by the ability of the PAH molecules to 
access the available adsorption sites rather than the specific interactions occurring between the 
PAH and the CNM surface. Given these findings, it is likely that CNMs with similar carbon 
bond hybridization will impact the bioavailability of adsorbed compounds by a similar 
mechanism regardless of the materials physical structure. Extrinsic properties of the materials 
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such as surface area, degree of functionalization and edge length are expected to also influence 
adsorption capacity and subsequent bioavailability of adsorbed compounds, though again these 
effects are expected to be consistent within sub-classes of CNMs (i.e. sp, sp2, sp3 hybridized 
carbons).  
 From the second objective, the adsorption studies were in agreement with previously 
published findings where compound properties contributing to hydrophobic interactions and π-π 
bonding (e.g. size, polarizability, and aromaticity) largely drove the strength and capacity of 
adsorption. However, similar to objective one the results of this study again suggested that the 
compound’s physical characteristics signficantly influenced the adsorption interactions 
occurring. For small PAHs that were limited in their inherent aromatic and hydrophobic 
character, this was found to be especially important; molecular morphology that decreased or 
inhibited π electron cycling within the adsorbate molecule signficantly decreased the 
compound’s adsorption affinity by MWCNT. Additionally, increasing concentrations of the 
adsorbate resulted in a change of adsorption interactions from specific to non-specific 
interactions which was associated with weaker adsorption affinities. Small, less hydrophobic 
PAHs were particularly sensitive to this change in adsorption interactions, suggesting that in 
highly concentrated scenarios CNMs would only be effective at removing compounds with 
higher hydrophobic character from the water column. 
While bioavailability of MWCNT-adsorbed PAHs was inversely related to adsorption 
affinity determined in the aqueous system, it was not a direct correlation. The bioavailability of 
the adsorbed PAH was driven by the opposing forces of the strength of adsorption between the 
PAH and MWCNT vs. the absorption potential of the PAH across the organism’s cell 
membranes. Both of these interactions can be influenced by PAH physicochemical 
characteristics, though not necessarily in parallel trends. For example, though small, less 
hydrophobic PAHs, like naphthalene and fluorene, both have a low adsorption affinity for 
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MWCNT, the uptake potential of fluorene is signficantly higher than that of naphthalene. This 
demonstrates that while compound physicochemical characteristics may drive adsorption in 
aqueous systems in a predictable manner, the bioaccumulative potential of that compound needs 
to also be taken into consideration when describing the adsorption-bioavailability relationship 
between different classes of compounds and CNMs. 
 The final objective of this work was to assess how the adsorption-bioavailability 
relationship may change when PAHs are present in a mixture rather than a single solute system. 
Though PAH isoforms adsorbed similarly in single-solute solutions to MWCNTs, competitive 
interactions occurred in bi-solute solutions thus altering adsorption of one or both of the PAHs 
present. Co-solute adsorption led to a decrease in adsorption affinity of both PAHs and 
consequently increased bioavailability of the adsorbed PAH in a similar manner. This indicates 
that in the natural environment with many different compounds present, bioavailability of CNM-
adsorbed contaminants may be greater than anticipated given single-solute adsorption studies.  
In support of findings from the previous two objectives, it was also observed that PAHs 
that outcompeted their chemically similar isoform had a molecular structure or morphology that 
allowed greater contact with the MWCNT surface. Interestingly, findings from the bi-solute 
adsorption and bioavailability study of the high hydrophobic PAH pair (e.g. fluoranthene and 
pyrene), suggested that at low concentrations there appeared to be a synergistic adsorption 
interaction rather than a competitive interaction. An enhanced uptake of fluoranthene in P. 
promleas was then observed raising concerns about enhanced bioavailability of contaminants 
from multi-solute systems due to the presence of CNMs.  
Overall, the results of this work indicate that it is not likely that MWCNT, GN or other 
similarly structured CNMs will enhance the bioavailability of PAHs to fish in a natural system at 
current estimated CNM concentrations. However, CNMs with a different carbon hybridization or 
crystalline structure, such as fullerenes, may alter bioavailability in a different manner than 
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observed in this study. Additionally, this work showed that beyond the influence of the 
adsorbate’s chemical properties the adsorbate’s physical and morphological traits signficantly 
impact both adsorption and bioavailability of CNM-adsorbed compounds. This provides 
additional insight into adsorbate and CNM interactions pertaining to adsorbate structure where 
current literature has previously lacked assessment. By systematically assessing bioavailability 
of several PAHs adsorbed to MWCNTs in single and bi-solute systems at different 
concentrations in the presence of natural organic matter, I was able to provide the most holistic 
and environmentally relevant understanding of the adsorption-bioavailability relationship. The 
results showed that factors influencing CNM adsorption affinity of compounds prior to 
organismal ingestion, such as concentration and competition, also influence bioavailability of the 
CNM-adsorbed PAHs in a similar manner. Once ingested, bioaccumulative potential of the 
adsorbed compound is a near equal and opposing force to adsorption affinity, the combined 
interactions controls the adsorption-bioavailability relationship. While this work indicated 
adsorption behavior of PAHs by CNMs is not a perfect prediction of the resulting uptake of PAH 
into P. promelas bile, inclusion of additional biotic processes will likely improve the ability to 
predict the bioavailability of other CNM-adsorbed compounds. Understanding and modeling the 
adsorption-bioavailability relationship of CNM-adsorbed PAHs is the first step to assessing the 
potential use of CNMs for pollution remediation and/or their indirect risk when released into the 
environment.  
Future studies should focus on assessing whether other types of contaminants, beyond 
planar aromatics, show a similar relationship between adsorption affinity and resulting 
bioavailability when adsorbed to CNMs. This may provide clarity in the variable results that 
have been observed in the literature in terms of whether or not a CNM-adsorbed contaminant is 
bioavailable and to what degree bioavailability was affected. Also, attention should be given to 
understanding the influence of solution chemistry on the relationship between adsorption affinity 
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and bioavailability of CNM-adsorbed contaminants. Solution chemistry, while not as influential 
on neutral aromatic compounds, such as PAHs, can be highly influential on the adsorption 
behavior of ionizable compounds or those with functional groups. Further by investigating the 
mechanism by which desorption occurs in the digestive solution of organisms and the 
relationship with absorption of the CNM-adsorbed contaminants into the organism, we can better 
understand what alters bioavailability beyond adsorption interactions that occurred prior to 
organismal uptake. Although this work is based on a single contaminant class, the results show 
that the structural makeup of contaminants is particularly important in driving competitive 
interactions and influencing the bioavailability of the CNM-adsorbed solutes. Mixtures between 
different types of contaminants and with environmental components needs to be assessed to 
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Figure B1. TEM images of (A, C) exfoliated graphene and (B,D)  MWCNT in moderately hard water and in 









Figure B2. Raman spectra for MWCNTs and exfoliated graphene. 
A) B) 
C) D) 
100 nm 50 nm 
500 nm 100 nm 
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Figure B3. Concentration of MWCNTs and GN suspended in 2 mg C/L NOM measured via UV-vis absorbance 
at 800 nm and 660 nm, respectively. 
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Appendix C 
Supporting Information for Organismal PAH and CNM Exposure 
Figure C1. Dose response of P. promelas exposed to aqueous PAH. Bile fluorescence, as relative fluorescent 
units (RFUs), is plotted as a function of A) NAP, B) ACE, C) FLO, D) PHEN, E) ANT, F) FLU and G) PYR 
measured aqueous concentration. Individual data points represent the average bile fluorescence expressed by 
fish from the same aquarium, where the error bars represent the standard deviation of response from individuals 
within that aquaria. The correlation coefficients (R2) and prediction lines of the dose-response curve were 
calculated using linear regression where response and concentration per aquaria represent the measurement 
units. The solid line represents the prediction line developed from the experimental data points, while the 
dashed lines give the 95% confidence interval around the prediction line. 
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Table C1. Standard curves of PAHs used to calculate PAH equivalent concentration in bile samples and the 




Calibration Equation Background Solutiona 
Log 
BCFbile 
NAP 276/330 100% Methanol 1.56 





















C = concentration (µg/L) 
aSolution is the exact same as used to dilute and analyze the bile samples for each PAH. 
Figure C2. Images of P. promelas intestinal tract from the (A) PAH only treatments containing no PAH, (B) 









Figure C3. Relationship between single Log BCFbile values for each PAH and the measured partitioning of 
PAHs into bile from the bioavailability assays (Log Kibile = ).  
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Appendix D 
Adsorption Model Fitting 
Table D1. Freundlich model fitting parameters of adsorption isotherms above and below the “isotherm 
transition point” 
Freundlich Model (FM) Below 
KF (mg/g)/(mg/L)1/n      1/n RMSE R2 
naphthalene 30.32±10.65 0.56±0.086 0.212 0.981 
acenaphthene 17.45±11.82 0.47±0.15 0.397 0.943 
fluorene 11.27±16.58 0.46±0.30 0.425 0.767 




0.88±0.046 0.056 0.999 




0.60±0.12 0.454 0.982 
Freundlich Model (FM) Above 
KF (mg/g)/(mg/L)1/n      1/n RMSE R2 
naphthalene 52.88±13.73 0.73±0.154 1.93 0.942 
acenaphthene 20.88±0.86 0.51±0.019 0.124 0.999 
fluorene 15.96±5.44 0.46±0.156 0.751 0.911 
phenanthrene 44.32±4.16 0.59±0.036 0.455 0.987 
anthracene 29.88±13.81 0.45±0.113 0.494 0.89 
fluoranthene 76.02±19.56 0.49±0.095 2.65 0.90 
pyrene 74.27±66.03 0.48±0.265 3.75 0.81 
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Appendix E 
JMP Outputs for LFER Models 
JMP Outputs for LFER Model (eq. 3.3) 
Independent Variable Log K0.01 
Dependent Variables  π, β, V 
RSquare (R2) 0.86 
RSquare Adj 0.81 
Root Mean Square Error 0.29 
Mean of Response 2.57 
Observations (or Sum Wgts) 14 
ANOVA table for LFER Model (eq.3.3) 
Source DF Sum of Squares Mean Square F Ratio p-value
Model 3 4.92 1.64 19.99 0.0002 
Error 10 0.82 0.08 
C. Total 13 5.74 
Parameter Estimated for LFER Model (eq.3.3) 
Term 
Estimated 
Coefficient Std Error t Ratio p-value VIF 
Intercept 0.20 0.84 0.24 0.81 . 
V -0.02 0.01 -2.06 0.07 2.15 
π 0.13 0.03 4.56 0.001 2.06 
β 9.16 2.84 3.23 0.01 1.74 
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JMP Outputs for LFER Model (eq.3.4) 
Independent Variable Log K0.1 
Dependent Variables  π, β, V 
RSquare (R2) 0.81 
RSquare Adj 0.77 
Root Mean Square Error 0.26 
Mean of Response 2.44 
Observations (or Sum Wgts) 17 
ANOVA table for LFER Model (eq.3.4) 
Source DF Sum of Squares Mean Square F Ratio p-value
Model 3 3.94 1.31 18.77 <.0001 
Error 13 0.91 0.07 
C. Total 16 4.85 
Parameter Estimated for LFER Model (eq.3.4) 
Term 
Estimated 
Coefficient Std Error t Ratio p-value VIF 
Intercept 0.93 0.65 1.43 0.18 . 
V -0.02 0.01 -3.99 0.00 1.71 
π 0.13 0.02 6.56 <.0001 1.40 
β 7.64 2.12 3.60 0.00 1.30 
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JMP Outputs for LFER Model (eq.3.5) 
Independent Variable Log K0.01 
Dependent Variables π, β, V, Structure 
RSquare (R2) 0.97 
RSquare Adj 0.95 
Root Mean Square Error 0.15 
Mean of Response 2.57 
Observations (or Sum Wgts) 14 
 
ANOVA table for LFER Model (eq.3.5) 
Source DF Sum of Squares Mean Square F Ratio p-value 
Model 5 5.55 1.11 47.53 <.0001 
Error 8 0.19 0.02   
C. Total 13 5.74    
 
Parameter Estimated for LFER Model (eq.3.5) 
Term 
Estimated 
Coefficient Std Error t Ratio p-value VIF 
Intercept 1.81 0.72 2.50 0.04 . 
V -0.02 0.01 -2.87 0.02 5.55 
π 0.11 0.02 5.39 0.00 3.31 
β 7.03 1.63 4.32 0.00 2.01 
Structure[Clustered] 0.40 0.09 4.47 0.00 2.36 
















JMP Outputs for LFER Model (eq.3.6) 
Independent Variable Log K0.1 
Dependent Variables π, β, V, Structure 
RSquare (R2) 0.95 
RSquare Adj 0.93 
Root Mean Square Error 0.14 
Mean of Response 2.44 
Observations (or Sum Wgts) 17 
ANOVA table for LFER Model (eq.3.6) 
Source DF Sum of Squares Mean Square F Ratio p-value
Model 5 4.62 0.92 44.82 <.0001 
Error 11 0.23 0.02 
C. Total 16 4.85 
Parameter Estimated for LFER Model (eq.3.6) 
Term 
Estimated 
Coefficient Std Error t Ratio p-value VIF 
Intercept 1.76 0.60 2.95 0.01 . 
V -0.02 0.01 -3.53 0.00 8.09 
π 0.09 0.02 5.38 0.00 3.74 
β 8.18 1.23 6.67 <.0001 1.48 
Structure[Clustered] 0.35 0.07 5.14 0.00 2.59 
Structure[Linear] -0.28 0.09 -3.16 0.01 4.35 
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Appendix F 
JMP Outputs for Bioavailability Model 




Dependent Variables  Log BCF, Log Kd 
RSquare (R2) 0.68 
RSquare Adj 0.65 
Root Mean Square Error 0.34 
Mean of Response 2.71 
Observations (or Sum Wgts) 21 
ANOVA table for Bioavailability Model 
Source DF Sum of Squares Mean Square F Ratio p-value
Model 2 4.45 2.22 19.47 <.0001 
Error 18 2.06 0.11 
C. Total 20 6.50 
Parameter Estimated for Bioavailability Model 
Term 
Estimated 
Coefficient Std Error t Ratio p-value VIF 
Intercept 2.55 0.45 5.63 <.0001 . 
Log BCF 0.63 0.15 4.12 0.0006 1.00 
Log Kd -0.52 0.11 -4.96 0.0001 1.00 
